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Abstract

Over the last two decades concern over the rate o f environmental degradation and 

loss has grown amid concerns for the continued provision o f ecosystem services and 

those ecosystem functions that underpin these services. Initially research focussed 

on the effects o f altered species diversity on ecosystem functioning and any 

subsequent effects on ecosystem reliability and the capacity to continue delivery o f 

ecosystem services. Subsequent to these investigations into species diversity effects, 

the influence o f functional diversity on ecosystem functioning was brought to the 

forefront o f research interests. Functional diversity was found to influence 

ecosystem functioning more than species diversity and it was suggested that, as 

several species can represent the same function, there would be a degree o f 

functional redundancy present within an ecosystem. This implied that species 

identity was not as important as the functions that were present in an ecosystem and 

that the loss o f  one species could be compensated for by the increased growth o f a 

functionally equivalent one.

Each species can represent a series o f functional traits and may also contribute to a 

variety o f  ecosystem functions. However, as each species will contribute to 

ecosystem functioning in different ways and at different rates each one is potentially 

important to ecosystem functioning. Additionally, the local extinction o f any one 

species may alter the behaviour o f the remaining species and their impact on 

ecosystem functioning and the order o f extirpation can also affect the delivery o f 

ecosystem functions. The observed behaviour o f  species in laboratory mesocosms, 

and their effects on ecosystem functioning, may also be different under field 

conditions due to inter- and intraspecific interactions. Consequently, functional 

redundancy may not be as prevalent as first thought and it may be that individual 

species are important to ecosystem functioning.



Functional ecology o f the marine benthos: Do species matter?

In a series o f field studies this thesis set out to examine the question o f whether 

species mattered with regards to ecosystem functioning, in this case nutrient 

regeneration, in an intertidal mudflat. It was found that alterations to the faunal 

assemblage impacted the concentrations o f  ammonia, silicate and phosphate in the 

sedimentary porewaters o f the mudflat and that some of these impacts may have been 

due to species behavioural changes.
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1. Introduction

1.1 Background

Relationships between species and their environments have long been o f interest to 

ecologists, with investigations o f  species distributions and life history (e.g. see 

Stopford 1951; Meadows 1964a; Aller & Dodge 1974; Southwood 1977, 1988), 

response to disturbance (e.g. see Connell 1978; Beukema 1979; Otte 1979; 

Montgomery & Soulsby 1981; Norkko & Bonsdorff 1996) and the influence that 

individual species have on habitats (e.g. see Fisher et al. 1980; Shen 1988; 

Mermillod-Blondin & Rosenberg 2006; Kochmann et al. 2008) being a few o f the 

research areas that have been studied. The impact that the diversity and complexity 

o f species assemblages have on the stability and performance o f ecosystems, with 

regards to ecosystem functions, has drawn great interest (e.g. see Tilman & El Haddi 

1992; Naeem et al. 1994; Tilman & Downing 1994; Mooney et al. 1995; Chapin III 

et al. 1997; Naeem & Li 1997) as concerns for the provision o f ecosystem services 

i.e. climate regulation, has risen with the continued degradation and alteration o f the 

environment (e.g. see Tilman et al. 1994; Giller & O'Donovan 2002; Petchey & 

Gaston 2002; Giller et al. 2004; Solan et al. 2004).

Ecosystem services are those ecological processes which are considered to have a 

value to humanity, e.g. climate regulation. These services are underpinned by 

ecosystem functions which are the ecosystem or community-level based processes 

such as nutrient regeneration, trophic transfer and production (e.g. see Bolger 2001; 

Giller et al. 2004; Hooper et al. 2005; Stachowicz et al. 2007). Not all o f the 

ecosystem functions present in an environment will contribute to ecosystem services 

and it may be that a combination o f functions will be required for the adequate 

provision o f an ecosystem service. Ecosystem functions result from the life habits 

i.e. the biological, chemical and physical processes o f the flora and fauna inhabiting 

an area (Naeem et al. 1994). These life habits, also known as functional traits, will 

determine the rates and contribution o f a species to the ecosystem functioning (e.g. 

see Matisoff et al. 1985; François et al. 1999; Mermillod-Blondin et al. 2004) and 

each species will have a different suite o f traits.

1.1.1. Species diversity

There has been much interest in the forces driving species diversity in a variety o f 

habitats and early work sought to understand the relationships between the 

environment and biodiversity (e.g. see Aller & Dodge 1974; Southwood 1977;
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1. Introduction

Connell 1978; Whitlatch 1981; Southwood 1988; Scarsbrook & Townsend 1993). 

Any given environment will act as a filter with regards to species diversity as only 

those species adapted to the environmental variables o f a habitat, e.g. humidity, 

temperature, will be able to survive (e.g. see Southwood 1977 and references therein; 

Scarsbrook & Townsend 1993). Although species diversity is dictated to some 

extent by the habitat it was also thought to be maintained at, or near, equilibrium 

where each niche within a habitat was filled by a species and resources were fully 

utilised (see Connell 1978 and references therein). However, due to disturbance, 

communities do not usually reach an equilibrium and high diversity is maintained by 

infrequent, yet minor, disturbances (Connell 1978). Otherwise, due to competition 

from dominant species, species diversity would decline over time rather than remain 

more or less constant (Connell 1978).

In the early 1990’s research into the relationships between ecosystem functioning 

and biodiversity gained momentum following concerns raised about the loss of 

habitats and the potential impact on the provision o f ecosystem services (e.g. see 

Naeem et al. 1994; Tilman & Downing 1994; Tilman et al. 1994). Initial studies 

examined the relationship between ecosystem stability and the diversity o f  plant 

species from grasslands (Frank & McNaughton 1991; Tilman & Downing 1994; 

Chapin III et al. 1997; Balvanera et al. 2006; Tilman et al. 2006), specifically testing 

the theory that more diverse assemblages would contain species that were resistant to 

environmental perturbations and thus compensate for the loss o f competitors that 

were not as resilient (Frank & McNaughton 1991; Tilman & Downing 1994). Over 

an 11 year study o f grassland species in Minnesota, Tilman and Downing (1994) 

established 207 experimental plots o f grassland plants in which the species richness 

o f the plants were manipulated. In 1987/88 the study area suffered a severe drought 

in which plant productivity (measured as above ground biomass in this case) was 

severely impacted with >45% of plant biomass lost from the experimental plots 

(Tilman & Downing 1994). Observations o f the plots showed that those with the 

greatest species diversity lost the least biomass during the drought and were faster to 

recover after the drought had ended than those plots with low diversity. This 

suggested that ecosystems with a high species diversity were more stable than those 

with a low species diversity (Tilman & Downing 1994).
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1. Introduction

Further investigations into species diversity and ecosystem functioning using 

terrestrial plant assemblages were carried out using both laboratory mesocosm and 

field experiments (e.g. see Naeem et al. 1994, 1995; Tilman et al. 1996; Hector et al. 

1999; Hector et al. 2001; Reich et al. 2004) with the emphasis shifting from how 

resilient to disturbance an ecosystem was with increasing diversity to how ecosystem 

functions were affected by alterations in species richness (e.g. see Naeem et al. 1994, 

1995; Hector et al. 1999). In randomly assembled species communities, comprising 

both terrestrial plants and invertebrates, Naeem et al. (1994, 1995) found that higher 

diversity caused greater CO2 flux (Naeem et al. 1994), greater productivity and plant 

canopy cover and supported greater abundances o f herbivorous insects and worms 

than less diverse assemblages (Naeem et al. 1995). Along with other studies o f a 

similar nature (e.g. see Tilman et al. 1996; Tilman et al. 1997; Hector et al. 1999; 

Reich et al. 2004) they concluded that loss o f biodiversity could cause ecosystems to 

perform differently, possibly impairing certain processes thus negatively impacting 

ecosystem functioning (e.g. see Naeem et al. 1995; Chapin III et al. 1997; Naeem et 

al. 2000; Cardinale et al. 2002).

1.1.2. Functional diversity

Whilst considering the effects o f species diversity on ecosystem functioning, the 

concept o f functional diversity was developed (e.g. see Naeem & Li 1997; Tilman et 

al. 1997; Hulot et al. 2000; Heemsbergen et al. 2004). Functional diversity is 

determined by the number o f  functional traits e.g. the number o f different trophic 

groups or bioturbators, that are represented by the species present in a community 

and several different species may represent the same functional trait (Naeem et al. 

1994; Naeem & Li 1997; Tilman et al. 1997). As species diversity had been shown 

to increase ecosystem reliability, stability and to affect ecosystem functions 

researchers began to investigate the effects o f altering the number o f species per 

functional group that were present in a community on ecosystem functions (e.g. see 

Tilman et al. 1997; Hulot et al. 2000; Naeem et al. 2000; Reich et al. 2004). The 

theory was that greater diversity caused biological insurance within ecosystems, i.e. 

the loss of or the poor performance o f any one species within a functional group 

would not impair the performance/delivery o f any one ecosystem function as there 

would be compensatory growth by other species within the same functional group 

(Naeem & Li 1997).
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1. Introduction

Using microbial communities in laboratory mesocosms Naeem and Li (1997) 

manipulated both the number o f functional groups i.e. the functional diversity, and 

the number o f species per functional group to assess the reliability o f an ecosystem. 

They randomly assembled communities o f primary producers, decomposers, primary 

and secondary consumers from a known species pool o f protists and bacteria, with 

one primary producer and one decomposer in all mesocosms and the remaining 

trophic groups and species diversity being varied (Naeem & Li 1997). They found 

that greater species diversity per functional group increased the predictability of 

community responses and the ability to withstand species extirpations as 

compensatory growth of functionally similar species occurred (Naeem & Li 1997). 

In the same year Tilman et al. (1997) also examined the effect o f increasing the 

species diversity per functional group, and the functional diversity, o f savannah 

grassland species. Using 32 species, representing 5 functional groups, 289 

experimental plots were created with varying numbers o f species and functional 

groups (Tilman et al. 1997). Six response variables, relating to above ground 

biomass (productivity) and light and nutrient availability, were measured and all 

were found to significantly decrease as functional diversity increased, whereas only 4 

were significantly affected by species diversity (Tilman et al. 1997). They 

concluded that functional diversity had a greater influence on ecosystem processes 

than species diversity (Tilman et al. 1997).

Alongside the research into effects o f functional diversity on ecosystem functioning, 

and the number o f  species per functional group, the effects o f functional group 

composition i.e. which functional groups were present, was also investigated (e.g. 

see Hooper & Vitousek 1997; Tilman et al. 1997). In the same study manipulating 

savannah grassland species and functional diversity Tilman et al. (1997) also 

manipulated the composition o f functional groups within their experimental plots and 

assessed the effects on productivity, nitrogen retention and cycling and the 

availability o f  light within the plant canopy. They found that the composition of 

functional groups i.e. which ones are present, significantly influenced productivity, 

light penetration and plant % N and that 37% of the variability between the plots was 

explained by the composition o f functional groups whereas the combined species and 

functional diversity only explained 8% (Tilman et al. 1997). This finding was also 

demonstrated by Hooper and Vitousek (1997) with terrestrial plant species when they 

found that functional group composition had a greater effect on the available soil
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1. Introduction

nitrogen pool than functional group richness alone had. In both cases when 

particular functional groups were present (nitrogen fixing legumes and early seeding 

annual forbs) the effects on the ecosystem process o f interest were greater than if 

they were absent (Hooper & Vitousek 1997; Tilman et al. 1997). This lead to the 

conclusion that functional group composition may be o f greater importance to 

maintaining ecosystem processes than species or functional group diversity alone 

(Hooper & Vitousek 1997; Tilman et al. 1997).

1.1.3. Selection and complementarity effects

The mechanisms causing the observed effects o f functional diversity and functional 

group composition on ecosystem functioning were separated into two main 

categories (e.g. see Huston 1997; Hector 1998; Loreau & Hector 2001; Cardinale et 

al. 2002). The dominant effects that a particular functional group can have on 

certain ecosystem processes has been demonstrated (e.g. see Hooper & Vitousek 

1997; Tilman et al. 1997) and is described as the selection effect, where resource use 

is monopolised by a single taxon (e.g. see Hector 1998; Loreau & Hector 2001; 

Cardinale et al. 2002). Complementarity, in contrast, arises through a combination 

o f niche partitioning and interspecific facilitation (Loreau & Hector 2001) often 

increasing the overall productivity o f an ecosystem (e.g. see Hooper & Vitousek 

1997; Tilman et al. 1997; Loreau & Hector 2001). In studies using terrestrial 

ecosystems, plant canopy cover was found to be greater in assemblages o f higher 

diversity (Naeem et al. 1994, 1995) therefore more o f the available resources, light in 

this case, were utilised in primary production thus increasing the productivity (above 

ground biomass) of the assemblage (Naeem et al. 1995).

Interspecific facilitation, interactions between species which are positive and 

potentially beneficial to those species (e.g. see Loreau & Hector 2001; Cardinale et 

al. 2002) has been observed in terrestrial plant communities where the resource flux 

between neighbouring species is influenced by the diversity o f species present in the 

community (e.g. see Loreau & Hector 2001). For example, the presence o f legumes, 

which can fix atmospheric nitrogen, in a grassland ecosystem will increase the 

uptake o f nitrogen into the soil which is then available for other plants, thus 

contributing to the maintenance o f soil fertility (Tilman et al. 1996). In freshwater 

stream ecosystems interspecific facilitation between several detritivores (caddis fly 

larvae) was demonstrated by Cardinale et al. (2002). They altered the species
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richness o f suspension feeding caddis fly larvae, whilst maintaining the abundance o f 

individuals in imitation stream mesocosms. An increased consumption o f suspended 

particulate matter in assemblages comprised o f three species, compared to mono

species cultures, was observed (Cardinale et al. 2002). They suggested that, through 

interspecific facilitation, the near-bed current flow velocity had been altered by the 

presence o f a more diverse assemblage thus increasing the particulate matter capture 

o f the caddis fly larvae (Cardinale et al. 2002).

Functional redundancy

Different species can represent the same functional trait and the number o f species 

per functional group has been shown to affect the stability o f  ecosystems with 

regards to productivity (e.g. see Tilman et al. 1997; Reich et al. 2004) e.g. if a 

species is lost that contributes to nitrogen fixation then compensatory growth by 

another functionally similar species will allow ecosystem functioning to be 

maintained. This sharing o f functional traits within an ecosystem is referred to as 

functional redundancy and has raised the issue, with regards to biodiversity loss, of 

whether it would matter if any single species was lost from an ecosystem as long as 

the functional diversity were to remain the same (e.g. see Tilman et al. 1997; Nijs & 

Impens 2000; Fonseca & Ganade 2001) It has been argued that conserving the 

generally dominant species, and not every single species in an ecosystem, would be 

sufficient to maintain ecosystem functioning (Schwartz et al. 2000; Lyons et al. 

2005) but this potentially ignores the fact that species have a suite of biological traits, 

which they express at different magnitudes (e.g. see Fonseca & Ganade 2001; 

Heemsbergen et al. 2004; Blackburn et al. 2005) and may also affect more than one 

ecosystem function (e.g. see Fonseca & Ganade 2001; Gross & Cardinale 2005).

1.2 Species loss and ecosystem functioning
Local extinction o f species can lead to degradation of ecosystem functions and the 

assumption o f equality between species with regards to extinction risk has often been 

made when exploring the effects o f functional diversity on ecosystem functioning 

(e.g. see Nijs & Impens 2000; Fonseca & Ganade 2001). However, extinction risk 

will differ between species and is related to several life-history traits e.g. body size, 

trophic position or sensitivity to environmental stress (e.g. see Solan et al. 2004; 

Gross & Cardinale 2005; Duffy et al. 2007) and species that represent the same 

functional trait may respond differently to the same environmental pressures

8
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(Fonseca & Ganade 2001). In their model o f ecosystem function loss, when random 

species extinctions are assumed, Fonseca and Ganade (2001) found that species rich 

communities with low functional trait diversity had greater functional redundancy 

and could support up 80% species loss before losing the first functional groups.

Leading on from these modelling studies further examination o f the effects o f species 

loss on ecosystem functioning considered the order in which species were lost (e.g. 

see Duffy 2003; Solan et al. 2004; Gross & Cardinale 2005). The effect o f local 

species extinctions on the biogenic mixing depth (BMD) o f marine sediments was 

modelled by Solan et al. (2004). Using data gathered over a 12 month period from 

Inner Galway Bay, Ireland, they created an extinction model using 139 benthic 

invertebrate species and ran it with two different scenarios -  one with no species 

interaction (random extinction) and one with species interactions (ordered extinctions 

with relation to body size, environmental stress sensitivity and population size) -  to 

observe alterations to BMD. They found that the loss o f large species before smaller 

ones caused a faster decline in the mean BMD when compared to the random 

extinction scenario (Solan et al. 2004). Rarer species also appeared to contribute 

little to bioturbation in this system as there was no impact on BMD until the more 

abundant species were lost (Solan et al. 2004).

It has also been found that the relationship between species functional traits and the 

extinction risk o f a species altered the effects o f random versus ordered extinctions 

(e.g. see Duffy 2003; Gross & Cardinale 2005). The conclusions were that positive 

correlations between extinction risk and species traits would cause limitations to 

compensatory growth o f functionally similar species and could reduce the amount o f 

functioning in the ecosystem e.g. if a highly productive species is lost from a 

grassland ecosystem and then replaced by one or more functionally similar, yet less 

productive species, then overall productivity can decrease (Gross & Cardinale 2005). 

The consensus was, as there was a correlation between extinction risk and those traits 

which effect rates o f ecosystem functioning, that understanding the interactions 

between species is important to better understand the impacts o f species loss on 

ecosystem functioning (e.g. see Duffy 2003; Solan et al. 2004; Gross & Cardinale 

2005).
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1.3 Do species matter?
If species are functionally equivalent, and functional redundancy allows for 

compensatory growth o f species to maintain ecosystem functioning, then do 

individual species matter? Would it matter to the functioning o f an ecosystem if 

species X were to become locally extinct? This thesis sets out to examine, using 

series o f field manipulations, whether species matter to ecosystem functioning in 

intertidal estuarine sediments.

To date much o f the work into the relationship between biodiversity and ecosystem 

functioning has been carried out in terrestrial and freshwater ecosystems (e.g. see 

Naeem et al. 1994; Tilman & Downing 1994; Naeem & Li 1997; Covich et al. 2004; 

Boyero et al. 2007). Terrestrial studies, many o f them from grassland ecosystems, 

are unlikely to provide a general framework upon which the consequences of 

biodiversity alterations on ecosystem functioning in aquatic environments can be 

based (e.g. see Gessner et al. 2004; Giller et al. 2004). The flow o f energy between 

and within different habitat patches is rapid in aquatic environments compared to 

terrestrial systems, there is potential for stronger interconnection as barriers between 

areas are weaker than seen in terrestrial ecosystems and often entire water bodies in 

coastal or inland areas i.e. lakes, lagoons can be utilised for whole ecosystem studies 

(Giller et al. 2004).

Many o f the biodiversity-ecosystem functioning studies carried out in the marine 

environment have been accomplished by manipulating intertidal rocky shores (e.g. 

see Underwood 2000; Thrush & Dayton 2002) as they incorporate a range of 

environmental gradients from fully and continually submerged areas to splash zones 

that are more or less constantly exposed to the atmosphere (e.g. see Newell 1976; 

Underwood 2000). The range o f gradients are often easy to distinguish from each 

other and frequently occur over a small spatial scale making responses to 

manipulations easy to see (Underwood 2000).

Intertidal soft sediments

Rocky intertidal environments are not the dominant habitat in the marine ecosystem; 

soft sediments are (e.g. see Snelgrove et al. 1997; Snelgrove 1999; Thrush & Dayton 

2002). Soft sediments have a high degree o f habitat heterogeneity often over small 

spatial scales and can be highly species diverse (Thrush & Dayton 2002). Intertidal 

soft sediment areas are highly productive and the invertebrate species which inhabit
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these areas are influential to many ecosystem functions including, but not limited to, 

nutrient cycling (e.g. see Hines & Jones 1985; Biles et al. 2002; Caliman et al. 

2007), sediment stability (e.g. see Aller & Dodge 1974; Luckenbach 1986), habitat 

heterogeneity and turbidity o f the overlying water column (e.g. see Thrush & 

Dayton 2002).

In estuarine areas, due to the highly productive nature o f the environment, 

invertebrate faunal abundance is often high, although species richness is generally 

low due to the stressful nature o f the environment. Many species inhabiting these 

areas have been well studied in terms o f physiology and behaviour due to their often 

large abundances and relative ease o f collection from the intertidal area. Due to this 

interest a large body o f literature is available for biological trait information and 

good taxonomic keys exist for rapid identification o f species present. A brief history 

and description o f the faunal and sedimentary characteristics o f the estuarine area 

used for the field studies in this thesis is given in Chapter 2.

Since estuarine areas are important for nutrient cycling the ecosystem function 

examined in this thesis was nutrient regeneration within sedimentary porewaters. As 

porewater needed to be extracted from the sediment for nutrient analysis a review o f 

available methods was conducted before a suitable method was chosen (Chapter 3). 

As habitat heterogeneity can influence the identity o f  species present in any given 

area a change in habitat structure could cause changes to species assemblage and 

may influence any interspecific interactions. I f  the species assemblage, and 

subsequent behaviour and interactions o f the species were to alter, then there could 

be an impact on ecosystem functioning. As such the influence o f altering the habitat 

on the species assemblage and nutrient regeneration was investigated in Chapter 4.

Leading on from the investigation into the influence o f indirectly altering species 

composition on nutrient regeneration, the question o f whether or not increased 

nutrient availability would influence species assemblages, and ecosystem 

functioning, was raised (Chapter 5). After examining the influence o f the physical 

habitat and nutrient availability on species assemblages and ecosystem functioning, 

the effects o f individual species manipulations i.e. alterations in species abundance, 

on nutrient regeneration under field conditions was approached in Chapter 6.
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2. Intertidal ecology of the Dee Estuary, UK

2.1 Introduction
The Dee Estuary is a part o f the larger Liverpool Bay area in the south-eastern Irish 

Sea and forms the northern end o f the border between England and Wales. The 

estuary is bounded by the coastline o f the Wirral Peninsula on the eastern side and 

the Flintshire coast on the west (Fig. 2.1). The estuary is 8.5 km wide at its mouth 

(Marker 1967; Moore et al. 2009), narrowing towards Chester, 35km inland and the 

limit o f tidal reach, and has straight sides bordered by cliffs, giving it a funnel shaped 

appearance (Gillham 1978; Rice & Putwain 1987; Moore & Wilson 2005). 

Historically the Dee was the main shipping route into the port o f Chester but siltation 

caused extensive growth of salt marsh which blocked the channels used by shipping 

(Gillham 1978; Rice & Putwain 1987). At present it is only possible to reach this 

former port on the highest o f spring tides and shipping using the Dee is limited to 

Mostyn near the mouth o f the estuary on the Welsh coast (Rice & Putwain 1987).

The Dee is a macrotidal estuary with a tidal range o f up to 10.5m on spring tides. 

The flood tide is shorter than the ebb and consequently faster (Marker 1967; Rice & 

Putwain 1987), with the flood tide running for 4.5h at ~1.5 m s '1 at Hilbre Island 

whilst the ebb runs for 7h at -2 .4  m s '1 (Marker 1967; Rice & Putwain 1987). As the 

estuary widens towards the mouth this aids in the reduction o f scouring effects from 

the tide and, along with the slower tidal ebb speeds and land reclamation projects, 

this has lead to the increasing siltation of the estuary (Rice & Putwain 1987), 

particularly on the English side as the tidal current flows eastward on flood tides, and 

westward on the ebb (Rice & Putwain 1987). The Wirral coastline of the Dee is 

bordered by sandstone cliffs up to 10m high from West Kirkby to Heswall, with a 

small outcropping of sandstone cliffs appearing at Red Rocks near the mouth o f the 

estuary on the Wirral Peninsula and several smaller outcroppings on the sandflats 

near to West Kirkby (Fig 2.2). Also visible from West Kirkby, and accessible at low 

tide, is Hilbre Island, an area o f rocky intertidal habitat (Stopford 1951; Rice & 

Putwain 1987; Covey 1998).
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-10' -8' -6' -4' -2' O' 2" 4'

Figure 2.1 -  Geographical location of Thurstaston (53 20' 16"N, 03 08' 31''W) study site on the Dee 

Estuary in relation to Liverpool, North-West England. Map created using Maptool, 

www.seaturtle.org.

Towards the head o f the estuary there is extensive salt marsh at Heswall past 

Parkgate and down to Neston (Marker 1967; Hutchinson & Prandle 1994; Moore et 

al. 2009) below which, towards the mouth o f  the estuary, deposition o f  fine 

sediments has created an area o f mud flats, which are a mix o f soft muds dominated 

by fine particles and firmer muddy sands with a greater proportion o f coarser

16
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2. Intertidal ecology of the Dee Estuary, UK

material present (pers. obs.). At West Kirkby and towards the mouth o f the estuary 

the flats are dominated by highly mobile coarse sediments creating sand banks and 

sandy beaches which are easily traversed at low tide to reach Hilbre Island (Stopford 

1951; Gillham 1978).

The variety o f habitats present in the estuary supports a varied fauna and flora and 

much o f the area is protected under international and national legislation (Rice & 

Putwain 1987; Covey 1998), with the whole estuary being designated a RAMSAR 

site, Special Protected Area (SPA) and a Site o f Special Scientific Interest (SSSI) 

(Rice & Putwain 1987; Covey 1998). At the mouth o f the estuary there are sand 

dunes around Red Rocks which are designated as a SSSI and support a population of 

the protected natterjack toad (Bufo calamita Laurenti) (Rice & Putwain 1987). On 

Hilbre Island, one o f only a few rocky intertidal habitats present in the estuary, a full 

zonation o f fucoid algae is present with an upper shore o f Pelvitia canaliculata L. 

and Fucus spiralis L. leading down to a lower shore o f F. serratus L. and a mixed 

substrate community consolidated by Mytilus edulis L. beds (Covey 1998). The salt 

marshes and mud flats o f the estuary support a varied and abundant invertebrate 

community which in turn provide roosting areas and food for the nationally and 

internationally important wildfowl populations which inhabit the estuary all year and 

those which use it as an overwintering ground (Gillham 1978; Covey 1998; Jemmett 

1998).

Fisheries in the Dee include shrimp, sea bass, mullet and flounder, the latter species 

also uses the upper reaches o f  the estuary as a nursery for juveniles (Gillham 1978; 

Rice & Putwain 1987; Covey 1998) making the estuary important in commercial as 

well as conservation terms. One group of fisheries in particular, the cockle beds 

(Cerastoderma edule L.) at West Kirkby and Thurstaston on the English side and 

Mostyn, Salisbury Banks and Bagilt on the Welsh side, have drawn interest in the 

early 2000’s due to heavy fishing. In 2005 the cockle fisheries were closed due to 

low stocks after over-fishing caused numbers to plummet (DEFRA 2008). In 2008 a 

new fishing strategy was enforced allowing only 50 licensed cockle fishers to collect 

the stock along with more rigorous monitoring of illegal fishing activity and the 

fisheries were re-opened (DEFRA 2008).

The benthic invertebrate communities o f the Dee have been studied on several 

occasions (Stopford 1951; Perkins 1956; Gillham 1978; Covey 1998) due to the
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importance o f the area as a feeding ground for wildfowl and as a juvenile fish 

nursery (Gillham 1978; Jemmett 1998). Populations o f tube building polychaetes 

(e.g. Lanice conchilega Pallas and Lagis koreni Malmgren) have been recorded in 

the sand flat areas near the mouth o f the estuary, along with the gammaridean 

amphipod genera Bathyporeia and Corophium and the bivalves A bra alba Wood, 

Macoma balthica L. and Angulus tenuis da Costa (Stopford 1951; Gillham 1978). In 

the muddy intertidal areas different Corophium spp were recorded and the tube 

building polychaetes were restricted to populations o f the spionid Pygospio elegans 

Claparède (Gillham 1978). Monitoring o f bird populations is carried out on a regular 

basis by the Wetlands Bird Survey, a joint venture with several environmental 

government and charity organisations which includes British Trust for Ornithology, 

Natural England, JNCC, and the Wildfowl and Wetlands trust. However, the last 

assessment o f the benthic invertebrate assemblages in the area was over a decade ago 

(Covey 1998). As the populations o f many o f the invertebrates are an important 

resource for the birds and fish in the area an up to date account o f species present and 

their abundances was the partial aim o f this chapter. The data also provided a 

baseline o f community assemblage and species abundance against which subsequent 

field manipulations could be compared.

On the Dee Estuary, at Thurstaston close to Tinkers Dell Steps, (53 20' 16"N, 03 08' 

31"W) (Fig. 2.1), patches o f  poorly mixed shell debris and muddy sand, termed 

‘crumble’, occur adjacent to areas o f firm, muddy sand (Fig. 2.3). The crumble area 

contained large stones and patches of small mussels creating a topographically 

complex surface whereas the muddy sand had few stones and little surface relief 

giving a ‘smooth’ appearance. This area is close to the Thurstaston cockle beds and 

is also where many o f the wildfowl can be found feeding and roosting, therefore 

making it an area o f interest for both conservation and commercial activities. Taking 

these factors into consideration this area was chosen to carry out a faunal assemblage 

monitoring programme and was also utilised in subsequent field manipulations.
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Figure 2.3 -  Approximate location of the muddy sand and crumble sediment areas at Tinker’s 

Dell Steps, Dee Estuary, UK (not to scale).

2.2 Method
To obtain information on the faunal and sedimentary characteristics o f the muddy 

sand and crumble sediment a seasonal sampling regime was initiated on 28th 

February 2006. Five 0.01m2 diameter, 15cm deep cores were collected from each of 

the crumble and muddy sand areas for macrofaunal analysis and a single sediment 

sample from each site was collected at the same time for particle size analysis (PSA) 

and loss on ignition (LOI) using a small (3cm i.d., 9cm length) core. On 17th 

October 2006 a further five 0.01cm diameter core samples were collected from three 

sites (fifteen samples in total) within each of the crumble and muddy sand areas. 

Samples were collected again from approximately the same three locations within 

both sediments on 16th April and 6th November 2007.

Faunal samples were returned to the laboratory where they were washed through a 

0.5mm mesh sieve and fixed in 4% buffered formaldehyde solution. Fauna were 

extracted and enumerated by taxa, generally species although some problematic 

groups were not identified to species level.

The sediment samples were frozen (-35°C) on return to the laboratory for later 

analysis. When thawed the samples were wet weighed, dried at 60°C for 24h and re

weighed to ascertain the water content. Following the methods described in 

Eleftheriou & McIntyre (2005), PSA and LOI were carried out on the dried sediment. 

For LOI approximately 7g o f the dried sediment were homogenised using a pestle 

and mortar and placed in a pre-weighed crucible before being weighed again. The 

crucibles were then fired in a muffle furnace at 450°C for 5h after which time they
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were re-weighed. The remainder o f the dried sediment was weighed and ~10ml o f a 

6.2g l'1 sodium hexametaphosphate (NaPCb) solution was added to the sample. The 

sediment was left overnight to allow clay particles to disperse and then puddle 

through a 63pm mesh sieve into a white tray to remove silt. The sediment was then 

dried again at 60°C for 24h, weighed and then passed through a series o f graduated 

sieves (63 -  2000pm) on a sieve shaker for 15mins and each fraction weighed for the 

PSA.

2.2.1. Data A nalysis

Fauna - abundance

Faunal data from each site were collated and mean abundance per m: calculated per 

site for final analysis thus avoiding pseudo-replication (Hurlbert 1984). Bray-Curtis 

Similarity was calculated, on square root transformed abundance data in the 

statistical package Primer (v6) (Clarke & Gorley 2006). This reduces the influence 

o f the dominant taxa and allows variation in the rarer taxa to influence the pattern. 

The top five most abundant species from both sediments in each season were 

identified (a total of 12 taxa) for further analysis.

Fauna — biological traits analysis

Biological traits analysis (BTA) was performed on the faunal data using eight traits 

representing both the behaviour and life history o f the taxa. The traits were sub

divided into several modalities to better represent the spread o f variation for each, for 

example bioturbation was separated into biodiffuser, gallery-diffuser, regenerator, 

upward-conveyor, downward-conveyor and bio-irrigator (Table 2.1).

Fuzzy coding (Chevenet et al. 1994), with a scoring range o f 0 to 3, was used to code 

individual taxa for the degree to which they exhibited the different modalities o f each 

trait. No affinity for a trait was coded as 0 and complete affinity as 3, e.g. 

Corophium volutator Pallas can be a deposit feeder but also actively suspension feed 

so were coded 2 (Deposit feeder) and 1 (Suspension feeder) and 0 for the remaining 

modalities within the feeding type trait. Information for each o f the biological traits 

was gathered from the literature where direct reference was made and also based on 

autecology o f the taxa and descriptions o f particular traits e.g. Pygospio elegans is a 

tube-dwelling head-up deposit feeder, from the descriptions o f bioturbation
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Table 2.1 -  Biological traits and modalities used in for the BTA with the long term monitoring data

T ra it M od a lity
Bioturbation N on e

B iod iffu ser  - fauna w h ich  m ove  sed im ent in a random  m anner over short 
distances causing  d iffu sive  m ix in g  (François e t al. 1997)

G allery diffuser -  b iod iffu sion  and active, interm ittent irrigation o f  tub es in  
sed im ent containing ga llery  system s (François e t al. 2 0 02)

Regenerator - fauna w h ich  d ig  in  the sed im ent transferring m aterial from depth to  
the surface (Gardner e t al. 1987)

U pw ard-C onveyor - head dow n oriented fauna w h ich  cause active m ovem en t o f  
sed im ent from depth to the surface (François e t al. 1997)

D ow nw ard-C onveyor - head up oriented fauna w h ich  cause active m ovem en t o f  
sed im ent from the surface to depth through their gut (François e t al. 1997)

B io-irrigator - fauna w h ich  active ly  irrigate burrows by draw ing dow n surface  
w ater past their g ills

D epth Surface  
0 -3cm  
3-8cm  

8 -1 5cm  
15-25cm

B ody s ize  (m m ) < 5
5 < >  10 
10 < > 2 0  
2 0  < > 4 0  
4 0  <  >  80  
80  < > 1 6 0

F eed ing  M ode D ep osit feeder  
Suspension: active  

Suspension: p assive  
O pportunist/ scavenger  

Predator

Grazer
Food type Phytobenthos  

B enthic Inverts 
Carrion

B enthic particulate organic matter (PO M ) 
Plankton  

P elagic POM
R eproductive
m ethod

A sexu al 
Sexual (spaw n) 

Sexual (O vigerou s) 
Sexual (direct)

R eproductive
frequency

C ontinuous 
1 event per yr 
2 +  per year 

less  than annual
L ongevity <  ly r  

l-2 y rs  
3 -5ys  

6-10yrs  
>  10 yrs
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categories in François et al (1997) this species can be classed as a downward- 

conveyor (2), due to its feeding method o f moving sediment from the surface to 

deeper areas, and a biodiffuser (1) as it will cause some passive diffusion of oxygen 

along its tube-length. Taxa that were not identifiable to genus were not included in 

the BTA.

Trait modality affinity scores per taxon were multiplied by the abundance o f each 

taxon for every sample and subsequently summed to provide an overall value for 

each trait modality per sample. The trait by sample table was analysed using non

metric multi dimensional scaling (nMDS) (Clarke 1993) in the statistical package 

Primer (v6). Various transformations were performed on the data (including no 

transformation) to compare patterns on the nMDS ordinations that were plotted. 

Similarity o f percentages (SIMPER) analysis was also carried out on the data to 

observe the effects o f the individual traits.

Sediment

The fine sand and silt fractions o f  the PSA data were arcsine transformed and 

analysed using ANOVA for both sediments separately to identify seasonal 

differences. The same methods were applied to the LOI.

2.3 Results

2.3.1. Sediment analysis
Although from cumulative percentage curves of the PSA data (Fig. 2.4a) there 

appears to be a difference between seasons for the very fine sand fraction (63 pm < 

>150pm; 3.990) in the muddy sand, statistical analysis o f this fraction showed no 

significant difference between seasons (Table 2.2). There was also no significant 

difference between seasons for the crumble PSA data although the data from spring 

2006 indicates differently (Fig. 2.4b). The LOI data was also not significantly 

different between seasons for either the muddy sand or crumble sediments.

23



2. Intertidal ecology of the Dee Estuary, UK

Table 2.2 - ANOVA results for seasonal differences of silt (<63pm), very fine sand (63pm < > 150pm; 

3.990) and LOI data in the muddy sand and crumble from Tinker’s Dell Steps, Dee Estuary, UK.

Muddy Saiid (Crumble

F DF p F DF __ E__
Silt (<63^m)

PSA.
4.05 1 0.079 0.82 1 0.393

Sand (63 pm) 4.41 1 0.069 0.12 1 0.737

LOI 1.24 1 0.297 0.03 1 0.873

In the muddy sand the particle size fraction with the highest percentage weight 

contribution was the very fine sand fraction (63pm < 150pm) (Table 2.3) and there 

was little coarse (600pm < 2000pm) material present. The mean organic matter 

content o f the muddy sand, when combining sediment samples from all seasons, was 

1.53 ± 0.17%. The crumble sediment consisted o f -17%  coarse sand and gravel 

(600pm < 2000pm) with a very fine sand (63pm < 150pm) contribution 

approximately a third less than that found in the adjacent muddy sand (39.15±5.78% 

compared to 62.32±3.63%). The mean organic matter content o f the crumble, when 

combining sediment samples from all seasons, was 2.03 ± 0.19%.

Table 2.3 -  Mean %age weight in each particle size fraction for the muddy sand and crumble 
(calculated using all samples collected from both sediments from 2006-2007).

Sieve
mm

Muddy Sand 
mean ±SE

Crumble 
mean ±SE

<63 27.22 3.24 23.94 3
63 62.32 3.63 39.15 5.78
150 5.53 1.08 5.3 0.6
212 1.48 0.19 6.6 1.88
300 1.7 0.33 8.37 2.37
600 0.6 0.22 2.55 0.49
1000 0.52 0.23 3.13 0.59
2000 0.62 0.18 10.96 3.38

2.4 Fauna
The oligochaete Tubificoides benedii Udekem was the most abundant species present 

in both the muddy sand and crumble sediments, appearing at the top o f the 

abundance tables on four out o f eight occasions and second on three o f the remaining 

four (Table 2.4). The total faunal abundance o f the muddy sand comprised -22-59%  

o f the snail Hydrobia ulvae Pennant, whereas in the crumble sediment this snail only 

accounted for -7-9%  of the total faunal abundance. Five oligochaete taxa were
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present in the crumble with the Naid oligochaete Paranais littoralis Muller 

infrequently observed and only present in the crumble sediment. Five other taxa also 

only occurred in the crumble sediment; the barnacles Elminius modestus Darwin and 

Semibalanus balanoides L. (the latter on one occasion in autumn 2006), the 

gastropods Littorina littorea L. and Skeneopsis sp and the polychaete Manayunkia 

aestuarina Bourne, the latter o f which was only present in autumn o f both years. A 

small population (200 ± 93 individuals per m2) o f the polychaete Owenia fusiformis 

Chiaji was also present only in the muddy sand over the two years o f monitoring.

Figure 2.4 -  Cumulative percentage weight curves for the PSA data from a) the muddy sand and b) 
the crumble sediment at Tinker’s Dell Steps, Dee Estuary, UK, from each season samples were 
collected.
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Table 2.4 -  The top five most abundant taxa (%age contribution to total number of individuals in the 

faunal assemblage) from the muddy sand and crumble at Tinkers Dell Steps, Thurstaston, Dee Estuary 

in spring/autumn 2006/2007.

M u d d y  S an d C ru m b le
T ax o n % a g e  a b u n d a n c e T ax o n % a g e  a b u n d a n c e

v©©o

T u b ifìco id es b en ed ii 2 4 .4 7 T u b ifìco ides b en ed ii 3 8 .4 7

H y d r o b ia  u lvae 2 3 .1 2 N em a to d a 16 .22

C
x

N e m a to d a 17.32 T u b ifìco ides p s e u d o g a s te r  itagg 16.05
CL

OO C o ro p h iu m  v o lu ta to r 14 .86 H e te ro c h a e ta  co s ta ta 8 .8 9

P y g o sp io  e leg a n s 7 .7 8 H yd ro b ia  u lva e 7.11

v©
H y d r o b ia  u lvae 4 3 .3 3 T u b ifìco ides ben ed ii 4 7 .2 9

OoC4 T u b ifìco ides b en ed ii 19 .29 N em a to d a 12.73
c
B
3

M a co m a  b a lth ica 13.93 S treb lo sp io  sh ru b so lii 8 .3 6

3
< C e ra s to d e rm a  ed u le 7.51 T u b ifìco ides p se u d o g a s te r  #a g g 7 .48

P y g o sp io  e leg a n s 5 .07 H yd ro b ia  u lvae 6 .9 4

H yd r o b ia  u lvae 5 8 .6 2 T u b ifìco ides ben ed ii 3 8 .4 7
r~~
O©(N

T u b ifìco id es ben ed ii 16.99 N em a to d a 16.22

aoc
x

N e m a to d a 11 .16 T u b ifìco ides p se u d o g a s te r  itagg 16.05
CLGO P y g o sp io  e leg a n s 3 .7 2 H ete ro ch a e ta  c o s ta ta 8 .8 9

M a co m a  b a lth ica 3 .1 9 H yd ro b ia  u lvae 7.11

t"- P y g o sp io  e leg a n s 3 0 .3 3 T u b ifìco ides ben ed ii 2 3 .1 6

OCN H y d r o b ia  u lvae 2 1 .9 4 P y g o sp io  e leg a n s 16.2
c
B
3

S tre b lo sp io  sh ru b so lii 2 1 .4 2 S treb lo sp io  sh ru b so lii 13.25

35
< T u b ifìco ides ben ed ii 7 .52 T u b ifìco ides p se u d o g a s te r  itagg 11.77

N e m a to d a 4 .8 6 N em a to d a 8 .4 9

There was a decline in the abundance o f the polychaete Nephtys hombergii Savigny 

in the muddy sand from spring to autumn 2006, it was absent in spring 2007 and 

returned in autumn 2007. Although N. hombergii did not contribute highly to the 

total faunal abundance the decline and disappearance o f this species was notable as 

its decline coincided with the appearance and increasing abundance o f the ragworm 

Hediste diversicolor Muller (Fig. 2.5).

While both the muddy sand and crumble contained several species that were unique 

to those sediments the faunal assemblages included taxa that were common to both 

sediments e.g. Hydrobia ulvae, Macoma balthica, Corophium volutator. The 

abundances o f these common taxa were dissimilar between the muddy sand and 

crumble dependant on the species habitat preferences e.g. the amphipod Corophium 

volutator prefers muddy to sandy sediments in which to burrow (Meadows 1964). 

Further statistical analysis was not carried out on abundance differences between
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sediments for the taxa common to both. However, seasonal differences for the top 

12 most abundant taxa were examined using Kruskal-Wallis analysis. There were no 

significant differences in abundance o f the taxa analysed between seasons in the 

crumble. In the muddy sand four o f the taxa analysed showed significantly different 

abundances between seasons (Table 2.5). The two oligochaete taxa, T. benedii and 

T. pseudogaster agg., increased in abundance from spring to autumn in both years. 

Both the oligochaete taxa Enchytraeidae and the spionid polychaete Streblospio 

shrubsolii Buchanan decreased in abundance from spring to autumn.

Figure 2.5 -  Abundance per m2 of Nephtys hombergii and Hediste diversicolor from the muddy sand 

at Tinker’s Dell Steps, Dee Estuary, UK, from spring (S) 2006 to autumn (A) 2007.
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Table 2.5 -  Kruskal-Wallis analysis of faunal abundances differences between seasons (spring/ 

autumn) for the 12 most abundant taxa identified from the crumble and muddy sand fauna. Elminius 

modestus was not analysed in the muddy sand as there were none present. Significant results in bold.

H
Crumble

df P
»

H
duddy Sa 

df
tid

P

Nematoda 1.338 1 0.247 1.42 1 0.233
Heterochaeta costata 1.776 1 0.183 0.07 1 0.791
Tubìfìcoides benedii 0.798 1 0.372 4.534 1 0.033

Tubifìcoides pseudogaster agg. 2.641 1 0.104 20.916 1 < 0.001
Enchytraeidae 3.278 1 0.07 8.72 1 0.003

Pygospio elegans 0.078 1 0.781 2.514 1 0.113
Streblospio shrubsolii 0.649 1 0.421 32.746 1 < 0.001
Elminius modestus 1.587 1 0.208 n/a n/a n/a
Corophium volutator 0.157 1 0.692 1.197 1 0.274
Cerastoderma edule 0.228 1 0.633 2.882 1 0.09
Mac orna balthica 2.375 1 0.123 0 1 0.992
Hydrobia ulvae 0.22 1 0.639 0.523 1 0.47

2.4.1. Biological traits analysis (BTA)

O f the 43 trait modalities used in the BTA one was not represented in the crumble 

(the habitat depth modality 15-25cm) which is a characteristic o f the polychaetes 

Arenicola marina L. and Lagis koreni. These were the only two species identified 

which represented habitat depth ’15-25cm’ and neither were present in the crumble. 

The feeding modality ‘grazer’, a characteristic o f the gastropod Littorina littorea, 

was not represented in the muddy sand as this species was not found in this sediment. 

Several nMDS ordinations were plotted using transformed and un-transformed data; 

there was no deviation from the pattern o f clustering on any o f the ordinations 

indicating that the overall groupings were stable. The biological traits nMDS 

ordination (Fig. 2.6) shows the majority o f the muddy sand samples grouping to the 

left in a distinct cluster and the crumble samples on the right, with four o f the muddy 

sand samples appearing close by, all o f which relate to samples collected in the 

autumn of both years.
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Figure 2.6 -  biological traits nMDS ordination (2D stress 0.03) of the muddy sand (O - spring; •  - 

autumn) and crumble (A  - spring; ▲ -  autumn) calculated using the untransformed biological traits 

data of the faunal assemblages from the muddy sand and crumble at Tinker’s Dell Steps, Thurstaston, 
Dee Estuary.

Further analysis o f  the data using analysis o f  similarity (ANOSIM) showed that there 

were no significant differences between seasons but that the two sediments were 

significantly different with regards to the representation o f the biological traits 

assessed in this study (R = 0.426, p = 0.1%). SIMPER analysis o f the traits data 

showed that seven traits contributed 5% or greater to the dissimilarity between the 

two sediments (Table 2.6). Although each of these modalities is exhibited, either 

singly or in combination, by several species identified from the two sediments only 

three o f the four oligochaete species identified in this study (H. costata, T. benedii 

and T. pseudogaster agg.) exhibit all seven. These species are present in higher 

abundances in the crumble compared to the muddy sand, as are the spionid 

polychaetes P. elegans, P. cornuta Bose and S. shrubsolii which also exhibit the 

biodiffuser, 3-8cm habitat depth, benthic POM food preference, deposit feeder and 1- 

2yr longevity modalities.
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Table 2.6 -  One-way SIMPER (factor = sediment type) analysis showing percentage contribution of 

biological traits (>5%) to average dissimilarity (60.30%) between combined seasonal data from the 

muddy sand and crumble.

Modality Trait
Muddy Sand 

(avg. abundance)
Crumble 

(avg. abundance)
%age

contribution

Deposit feeder F eeding m ethod 90601 198544 8.75
Benthic POM Food preference 34885 152422 7.89
1 event per yr R eproductive frequency 31742 147102 7.59
Biodiffuser Bioturbation 48145 153455 7.53

l-2yrs L ongevity 88368 151965 7.04
Sexual (Ovigerous) R eproductive m ethod 57728 151647 6.68
3-8cm Habitat depth 29495 103109 5.04

2.5 Discussion

2.5.1. Environment
The results o f the sediment analysis indicate a stable system at Tinker’s Dell Steps in 

the Dee Estuary as there were no significant seasonal differences in either the particle 

size distribution or LOI. The sedimentary characteristics o f the Dee for an area close 

to Tinkers Dell Steps described by Gillham (1978) are similar to those found during 

this monitoring study suggesting that, although the estuary is a highly dynamic area 

where sediments can be redistributed regularly (Rice & Putwain 1987), there have 

been no significant alterations in the sediment particle composition in the monitored 

area.

2.5.2. Fauna
The faunal assemblage in the crumble appears to be stable between seasons over the 

two year monitoring period as seen by the dominance of Tubificoides benedii in 

every season. The biological traits distribution also appears to be stable in the 

crumble between seasons. The muddy sand, however, appears to be more dynamic 

between seasons with regards to faunal assemblage over the last 30 years.

The reduced abundance o f Nephtys hombergii in the muddy sand from spring to 

autumn 2006 may have been the cause o f the observed rise in abundance o f Hediste 

diversicolor. N. hombergii is a known predator o f juvenile H. diversicolor (Desroy 

et al. 1998) and it could be that its lowered abundance would have relieved predation 

pressure on H. diversicolor. In addition to its predatory behaviour, the presence o f 

N. hombergii has also been shown to cause emigration o f H. diversicolor juveniles to
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areas without N. hombergii (Desroy et al. 1998). There is also a change in the most 

dominant species in the muddy sand to the spionid polychaete Pygospio elegans 

from the gastropod Hydrobia ulvae in autumn 2007. One possible explanation for 

this is recruitment o f the spionid to the area at the time o f the sampling which may 

have significantly increased abundances.

O f the oligochaete taxa which showed significant differences in seasonal abundance 

in the muddy sand the only one that decreased in abundance in the autumn were the 

Enchytraeidae. There may be two possible reasons for this; predation by 

overwintering wildfowl or a change to the environment due to the onset o f colder 

weather. The enchytraeids are less tolerant o f high salinities, hydrogen sulphide and 

hypoxic conditions than the tubiflcid oligochaetes (i.e. Tubificoides benedii) (Giere 

& Pfannkuche 1982; Giere 2006) and it may be that extremely cold weather over the 

winter months caused an increase in the salinity and hypoxic conditions o f the 

sediment porewaters during low tide (Beukema 1979) thus causing either mortality 

or migration o f the Enchytraeidae in this study.

Although there were some faunal changes recorded over the monitoring period there 

were no dramatic alterations to the identity o f species present in either sediment. 

Also, the fauna identified during the monitoring comprised typical intertidal 

estuarine species that are tolerant o f varying environmental conditions and have been 

previously recorded from the Dee (Stopford 1951; Perkins 1956; Gillham 1978). 

Apart from the decrease in C. edule abundance through fishing activity the general 

faunal assemblage has not altered since the surveys o f the 1950’s and 1960’s. This 

indicates that the area chosen for field manipulations was stable over the two year 

period in which monitoring and experimentation took place.
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3. Benthic Nutrient Dynamics: A review o f methods for studying sediment porewater chemistry

3.1 Abstract

Biogeochemical processes occurring in the porewaters o f marine sediments are an 

essential part o f ecosystem functioning, with recent interest in this area highlighting 

the need for reliable and accurate assessment o f nutrient concentrations in marine 

sediments as a means o f assessing the state o f an ecosystem and the effects human 

activities have upon it. Nutrient concentrations in marine porewaters can be assessed 

using either ex situ or in situ methods in both deep and shallow water environments. 

Some techniques may be employed in the intertidal or diver accessible areas with 

ease whilst other methods are more suited to deep water sampling situations when 

contamination from overlying water or oxidation may be o f concern. We review 

these techniques, and those which can directly obtain measures o f ion concentrations 

in the sediment. Sample handling, filtration requirements, and the avoidance o f 

temperature, pressure and oxidation artefacts are also discussed in respect o f each 

method and a summary o f sample preservation practices is provided. A summary 

table o f advantages and limitations for each method and the environments in which 

they are effective is provided. Designs, and details o f use, are provided for improved 

versions o f  a Porextractor device, designed to obtain porewaters from specified 

depths in intertidal regions, and a needle type probe which has proven effective in 

sampling small (< lm 2) areas where sediment disturbance by a Porextractor was a 

constraint. No technique is free o f artefacts and the choice will be influenced by the 

available resources, quality o f data required and any handling or sampling 

constraints.

3.2 Introduction
Marine sedimentary environments are major sites o f biogeochemical activity 

providing essential microbially mediated transformations (Klump & Martens 1981; 

Mermillod-Blondin & Rosenberg 2006). The processes within the sediment have 

long been recognised as important to the cycling o f nutrients in the marine 

environment (Aller & Yingst 1980; Hines et al. 1982; Matisoff et al. 1985), thus 

monitoring o f chemical fluxes across the sediment-water interface and the chemical 

composition o f porewater within the sediment can provide valuable information on 

the state and dynamics o f marine ecosystems, including changes induced by physical 

disturbances, alterations o f the species assemblages and pollution (e.g. see Brinkman 

et al. 1982; Mazik & Elliott 2000; Chapman et al. 2002; Jones & Frid 2009).
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While it has long been recognised that biogeochemical processes occurring in the 

porewater are critical to ecosystem functioning (Naeem et al. 1994; Waldbusser et al. 

2004) understanding o f these processes has been constrained by the difficulty o f field 

sampling of porewaters (Mudroch & Azcue 1995). Sampling can be achieved in one 

o f two ways (i) ex situ where a core o f sediment is removed from the study site and 

the porewaters are extracted in the laboratory (e.g. see Presley et al. 1967; Reeburgh 

1967; Emerson 1976; Elderfield et al. 1981) or (ii) in situ where either porewaters 

are collected for subsequent analysis at the laboratory (e.g. see Zimmermann et al. 

1978; Bertolin et al. 1995; Nayar et al. 2006), ions in the sediments are measured 

directly (e.g. see Christensen et al. 1989; Tercier-Waeber et al. 2000; Wenzhofer et 

al. 2000; Meyer et al. 2008) or the sediment chemicals are collected, using diffusion, 

in specialised gels or resins (e.g. see Davison et al. 1991; Krom et al. 1994; Harper et 

al. 1997).

Each method seeks to overcome the common set o f challenges involved in porewater 

sampling; (i) obtaining a large enough volume of porewater for analysis without 

introducing artefacts e.g. without altering the redox state o f the sample and (ii) 

preventing contamination o f the sample with overlying seawater or exposure to 

metals (when sampling trace metals). Additionally, for methods involving laboratory 

analysis o f core, water or gel samples, the treatment o f sample during transport from 

the study site to the laboratory can provide further challenges. Samples need to be 

kept cold to slow microbial processes (Mayer 1976) that will still be occurring within 

the water/sediment that has been collected to allow as close an estimate to in situ 

chemical concentrations as possible. Avoiding exposure to daylight is also necessary 

to prevent sample damage and to reduce microbial activity (Benner & Biddanda 

1998). Overcoming these challenges has received considerable attention (e.g. see 

Reeburgh 1967; Hesslein 1976; Mudroch & Azcue 1995; Viollier et al. 2003 and 

references therein), with a number o f techniques being developed to obtain sufficient 

porewater from sediments for analysis, whilst minimising the possibility o f 

introducing artefacts.

One set o f techniques for assessing chemical ions in situ has been developed using 

electrochemical microsensors (Hanrahan et al. 2004; Rodriguez-Mozaz et al. 2004; 

Farré et al. 2009). The sensors are amperometric (measuring reduction in current at 

a single potential), potentiometric (measuring the difference between the solution and
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the electrode’s potential) or voltammetric (scanning potential and measuring 

reduction currents). The first two types o f sensor detect single anlaytes in water or 

sediment samples (e.g. see Revsbech et al. 1988; Christensen et al. 1989; Wenzhofer 

et al. 2000), the voltammetric sensors can detect several chemical species and their 

concentrations in either water or sediment samples (Tercier-Waeber et al. 2000; 

Viollier et al. 2003; Tercier-Waeber & Taillefert 2008). These sensors are 

particularly useful for fine scale assessment o f sediment chemical profiles across the 

sediment-water interface where rapid changes in biogeochemistry can occur across a 

few millimetres depth (Viollier et al. 2003; Meyer et al. 2008). Chemicals that can 

be assessed using these methods tend to be limited to oxygen, nitrate/nitrite, 

sulphides and metals such as manganese, arsenic and iron (Brendel & Luther III 

1995; Davis et al. 2000; Ugo et al. 2002; Viollier et al. 2003). In the case o f metals 

and sulphides the use o f electrochemical microsensors eliminates the potential for 

exposure to oxygen, with which these species are highly reactive, allowing accurate 

measurements o f the chemical species concentrations within sediments (Viollier et 

al. 2003).

Bio-electrochemical sensors, termed biosensors, have been developed in recent years 

for assessment o f nitrate in marine sediments using bacterial communities that reduce 

the nitrate to nitrite and then to nitrous oxide which is measured with an N 2O 

electrode (Larsen et al. 1997; Lorenzen et al. 1998; Nielsen et al. 2004). Whilst 

biosensors can provide a fine depth resolution within sediments they can be difficult 

to use in low temperature situations as bacterial activity may be lower (Damgaard et 

al. 1995) reducing their accuracy, which can be overcome by altering the amount o f 

or species o f bacteria used (Damgaard et al. 1995). However, cold temperatures may 

also increase the response time of the sensors due to the lowered bacterial activity 

meaning sampling times have to be extended (Damgaard et al. 1995; Nielsen et al. 

2004). Although biosensors for other substances do exist (e.g. phosphate, sulphate) 

they are most often used in the assessment o f food or water quality with respect to 

pollutants or toxicants (Amine & Palleschi 2004; Kroger & Law 2005) and, at 

present, sensors o f this nature appear to be only used in marine ecology or 

biogeochemistry for studies o f nitrogen based chemicals (Kroger & Law 2005; Farré 

et al. 2009).
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The remaining methodologies work on extracting porewater, or the ions contained 

therein, from the sediment, and can be placed in one o f four categories: (i) 

centrifugation o f sediment slices taken from core samples; (ii) pressure squeezing of 

sediment sections or whole cores; (iii) dialysis o f chemical ions into sampling 

devices known as ‘peepers’; (iv) suction o f porewater into sampling devices.

Both the cent fiigation and pressure squeezing methods involve collection of 

sediment cores that are returned to the laboratory for subsequent porewater extraction 

(Mudroch & Azcue 1995) and have been in use by the scientific community for 

chemical analysis o f porewaters since at least the 1960’s (Siever 1962; Presley et al. 

1967). For centrifugation, the cores are sliced into the required depth sections i.e. 0

1, l-2cm, in an inert atmosphere (e.g. N 2) at low temperatures (~4°C). 

Centrifugation o f the sediment sections results in any porewater being forced out o f 

the sediment and into the centrifugation tube; from where it is siphoned o ff using 

gas-purged syringes for subsequent filtering to remove large particles and bacteria 

(e.g. see Edmunds & Bath 1976; McCaffrey et al. 1980; Elderfield et al. 1981; Propp 

& Propp 2001).

Pressure squeezing o f sediments can be carried out using one o f two main methods -  

slicing cores into depth sections as with centrifugation (Reeburgh 1967; Cho & Hong 

1991) or applying pressure to a whole sediment core (Bender et al. 1987). The 

former method involves sectioning the sediment core in an inert atmosphere and 

placing it inside a sample chamber with a gap left between the sediment surface and 

the lid o f the sample chamber. The lid o f the chamber is either attached to a piston 

(Siever 1962; Sasseville et al. 1974) which then applies pressure on the sediment by 

being pushed downwards into the sample chamber, or is used to seal the chamber 

completely (e.g. see Presley et al. 1967; Robbins & Gustinis 1976; Bender et al. 

1987). If the lid is used to seal the chamber completely then inert gas is pumped into 

the space between the lid and the sediment thus raising the internal pressure and 

forcing porewater out o f the sediment (e.g. see Presley et al. 1967; Cho & Hong 

1991). The porewater is filtered through a membrane covering the sample port 

where the porewater is collected for analysis.

Both the centrifugation and squeezing methods cause disturbance to the sedimentary 

environment i.e. remove sediment core/sections completely, thus precluding repeated 

sampling of the same area over a small time scale. Problems can also arise from
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temperature and pressure alterations affecting the chemical ions in the porewaters, 

movement of porewaters through the sediment columns due to gravity and oxygen 

contamination.

Figure 3.1 - Hesslein type ‘peeper’ (redrawn from Hesslein, 1976) with sample cells cut into the front 

of an acrylic block, covered by a dialysis membrane and faceplate. The sediment cutter aids peeper 

placement.

The dialysis and suction methodologies were developed in order to address the 

problems arising from centrifugation and squeezing methods (e.g. see Hesslein 1976; 

Montgomery et al. 1979; Mudroch & Azcue 1995; Teasdale et al. 1995). These in 

situ methods allow repeated sampling to collect and assess porewater chemical 

concentrations. Dialysis relies on the principle o f diffusion -  molecules in a region 

o f high concentration will diffuse to one o f low concentration to reach equilibrium 

between the two areas. The family o f devices termed ‘peepers’ consist o f a vertically 

arranged series o f sample chambers, filled with de-ionised water or a dialysis gel, 

held between a filter membrane and a plate o f Plexiglass (Fig. 3.1) (e.g. see Hesslein 

1976; Mudroch & Azcue 1995) which are placed directly in the sediment. The 

peepers are constructed to allow sample collection from several depths within the 

sediment and from the overlying water column (e.g. see Mudroch & Azcue 1995; 

Jacobs 2002). After an equilibration time, a few days to a few weeks, the devices 

can be retrieved and the samples returned for analysis in the laboratory.
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Suction methods can be the simplest technique for collecting porewater from 

sediments in the field. Several devices have been developed that can either collect 

one sample from a single depth per sampler (e.g. see Montgomery et al. 1979; Rey et 

al. 1992; Berg & McGlathery 2001) or collect several samples from several depths 

simultaneously (Montgomery et al. 1981; Watson & Frickers 1990; Martin et al. 

2003). They operate in two main ways -  either a vacuum is applied to a section o f 

the sampling device prior to deployment or a syringe/pump is connected to a 

sampling tube and used to collect water directly.

Figure 3.2 - A basic “sipper” (redrawn from Montgomery et al. 1979) with a separate sample 

cup/chamber and main body, between which a filter can be placed if required.

Devices that utilise the vacuum method have a membrane separating the sample 

chamber from a secondary chamber to which the vacuum is applied (Fig. 3.2). Once 

the vacuum has been applied the separating membrane is pierced and the resulting 

pressure change starts the flow o f porewater into the sampling device (Montgomery 

et al. 1979; Nayar et al. 2006).

Given the increasing interest in the relationship between human activities, 

biodiversity and ecosystem functioning (Hooper et al. 2005; Stachowicz et al. 2007) 

there is a clear need to provide both more direct measures o f rates o f key ecosystem
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functions, such as biogeochemical processes, as well as to further develop 

understanding for the underlying processes. This will require more measurements of 

the concentrations of key chemical constituents in sedimentary porewaters.

This chapter considers the applicability o f the various available protocols for 

porewater collection and handling o f collected water samples and then describes a 

modified porewater extraction device that has proved highly cost-effective for 

porewater collection from intertidal sediment. In addition a simple, quick and 

affordable technique, that has proven to be highly efficient for obtaining sufficient 

porewater for chemical analysis whilst minimising disturbance to the sediment, for 

sampling small (< lm 2) areas is also described. The first device is not suitable for 

intensive sampling of small areas but does offer some filtration o f large particles, 

preventing clogging o f the sampler during water collection and lowering sample 

handling time. Sample collection time is shorter with the second device, although 

clogging can occur due to the lack o f in situ filtration and sample handling time at 

the laboratory may therefore be extended.

3.3 Centrifugation and sediment squeezing
The collection o f a core o f sediment and the subsequent slicing o f it into sections and 

centrifugation o f each segment to obtain porewater has often been used to study 

nutrient and trace metal concentrations in marine and freshwater environments (e.g. 

see Edmunds & Bath 1976; Carignan et al. 1985; Viel et a l 1991). Early work 

carried out using this technique identified several problems (i) low speeds o f 

centrifugation would not yield sufficient water for analysis; (ii) long centufugation 

times caused alterations to the chemicals present in the samples and (iii) the potential 

for contamination from the sampling equipment (e.g. see Fanning & Pilson 1971; 

Troup et al. 1974; Edmunds & Bath 1976; Lyons et al. 1979).

Adams et al. (1980) addressed the issue o f centrifugation speed. They collected 

porewater from sediment sections that had been centrifuged at speeds from 7,000 

rpm to 19,000 rpm for 20min at 4°C and analysed it for trace metals and phosphate. 

For calcium, iron, manganese and zinc there was little effect o f the different speeds, 

but phosphate concentrations were more than double at 19,000 rpm (0.105 mg/1) 

compared to concentrations at 7,000 rpm (0.049 mg/1), however, there was no 

independent method to assess the actual values for these chemicals in the sediment. 

Later, Carignan et al. (1985) tested the effects o f two cent] lugation speeds on
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concentrations o f trace metals and compared them to results obtained by dialysis 

methods (see below). They found that speeds o f 5,000 rpm caused variable 

concentrations o f copper and zinc, yet 11,000 rpm produced results comparable to 

those obtained via dialysis. They suggested that the lower speed o f centrifugation 

was not efficiently separating the sediment and porewaters thus causing the variable 

results. The amount o f fluid obtained from different centrifugation speeds has also 

been o f concern (e.g. see Edmunds & Bath 1976; Carignan et al. 1985; Teasdale et 

al. 1995; Azcue et al. 1997) as insufficient water can render chemical analysis 

problematic. At 14,000 rpm Edmunds and Bath (1976) reported 86-95% o f total 

porewater being obtained, whereas lower speeds (4,000 rpm and below) resulted in 

only 17-36% of porewater being collected (Edmunds & Bath 1976; Azcue et al. 

1997).

All porewater collection methods, with the possible exception o f dialysis (see below) 

require water samples to be filtered to remove particulates before analysis. This is 

generally achieved by passing the water samples through 0.45pm (or smaller) 

syringe filters. This requirement is an extra step in the sample preparation process 

which has the potential to expose water samples to oxygen and cause contamination. 

With this is mind centrifuge tubes which incorporate filters and sample collection 

chambers have been developed (Bauer et al. 1988; Saager et al. 1990). Saager et al. 

(1990) devised a simple centrifuge tube for trace metal analysis o f low porosity, 

sandy sediments. The tube consisted o f two separate pieces, a sediment chamber 

(open at both ends) in the upper half and a water collection chamber (open at one 

end) in the lower half which were pushed together, rather than screwed, and the 

sediment chamber was sealed with a polyethylene snap cap. This tube aimed to 

remove the filtration step by separating the two halves with a filter membrane which 

was held in place by Teflon® O-rings. After centrifugation at 1500xg for 5min the 

bottom chamber could be removed from the tube and the supernatant collected, on 

average 78% of the porewater was recovered.
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In an alternative method to centi fuging slices o f sediment, pressure was applied to 

sediment cores and these “squeezing techniques” developed alongside centrifugation 

(Siever 1962; Reeburgh 1967; Bischoff et al. 1970). Cores were usually sliced into 

depth segments as with centrifugation but the slices are then placed in containers 

where pressure is applied using a plunger, or by pumping inert gas into a sealed 

version o f the device, forcing the interstitial water out o f the sediment (Mudroch & 

Azcue 1995). Concerns have been raised over pressures exerted on sediments during 

the squeezing process, as high pressure can destroy sediment micro-organisms and 

particulate detritus potentially altering concentrations o f chemicals in the porewater 

(Bolliger et al. 1992; Mudroch & Azcue 1995).

Figure 3.3 - A piston style sediment squeezer (based on Siever, 1962).

Early squeezers were built from stainless steel to avoid corrosion at sea and consisted 

o f a sediment chamber fitted with a perforated steel plate, a lid with a screw-operated 

piston plate attached to it and a turning screw to move the piston plate (Fig. 3.3) (e.g. 

see Siever 1962; Sasseville et al. 1974). The device designed by Siever (1962) could 

accommodate a 7.5cm diameter core and apply ~20atm o f pressure to a sediment 

section over 15min period, which was sufficient time to obtain 20-30ml o f porewater 

from lOOg o f sediment with a 60% water content. The low pressure used also did not 

appear to affect the chemical concentrations in the porewater (Siever 1962).
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Stainless steel, however, represents a potential source o f contamination (Bufflap & 

Allen 1995; Mudroch & Azcue 1995) and several researchers overcame this problem 

by designing squeezers lined with Teflon® (Presley et al. 1967) or made devices 

using various non-metallic substances (Reeburgh 1967; Sasseville et al. 1974; e.g. 

Cho & Hong 1991). The squeezer designed by Sasseville et al. (1974) reduced 

potential metal contamination by using a PVC tube to hold the sediment for sampling 

and a Teflon® piston and filter plate. A large volume o f sediment (up to 800cm3) 

could be processed at one time and the squeezer was easy to clean and very portable 

due to its light weight. The device also provided rapid processing o f lake sediment 

cores as 75ml water could be obtained from 200cm3 sediment over a 15min period.

Presley et al. (1967) removed the piston and instead relied on increasing the internal 

gas pressure o f the squeezer to obtain water samples. Nitrogen gas was gradually 

pumped into the device up to a maximum pressure o f 68atm over a lOsec period after 

which the squeezer was monitored whilst water was collected in a sample vial 

attached to the bottom. Volume o f water collected was highly variable (l-5m l per 

min) as the gas would break through the device after 2-30min and require the 

pressure to be released to prevent explosion.

Reeburgh’s (1967) squeezer also had no piston, this was replaced with a rubber 

diaphragm that extended down towards a sediment sample by applying a gas 

pressure behind it (Fig. 3.4a). Using an inert gas, pressures o f up to 14atm were 

applied causing porewater to be filtered through plates/membranes at the bottom of 

the device into a sample collection vial. Generally 25ml per lOOg sediment could be 

recovered in 30-45min. The device has been modified to overcome issues o f 

clogging of the filter plate, rupturing o f filters, compacting o f the sediment section 

into an impermeable ‘cake’, space needed aboard ship and contamination issues from 

the O-rings or sediment contact with the main membrane filter (Robbins & Gustinis 

1976; Cho & Hong 1991).
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Figure 3.4 -  a) A redrawn Reeburgh (1967) squeezer using a rubber diaphragm instead of a piston to 

apply pressure to sediment; b) Cho and Hong’s modified Reeburgh squeezer (redrawn from Cho and 

Hong, 1991).

As very thin slices o f  sediment (~lcm  thick) were routinely used in their studies, 

Robbins and Gustinis (1976) reduced the space between the rubber diaphragm and 

the sediment sample within the device. The sediment was placed in a ‘cassette’, 

which sat inside the main body o f the squeezer with a nylon screen attached to the 

bottom supporting a pre-filter that was slightly larger than the cassette. This set up 

prevented the sediment sample from contacting the main filter section and causing 

clogging, reduced the occurrence o f filter rupture which had been an issue with the 

original design and allowed easy cleaning o f the device as no sediment came into 

contact with the main body o f the squeezer. The filtered water was collected via a 

sample port drilled into the side o f the squeezer, allowing C-clamps to close the 

device firmly whilst not interfering with sample collection.

A further modification o f Reeburgh’s original squeezer was devised by Cho and 

Hong (1991). They eliminated the need for a C-clamp, thus reducing the space 

needed onboard ship for a single device, by using an acetal (a plastic also known as 

Delrin) lid and base that screwed together (Fig 4b). Using acetal also removed the 

requirement o f an O-ring as it is a soft material that can be tightly sealed thus 

removing a potential contamination source. Membrane filters were placed on the top 

and bottom of the sediment section and gas pressure was increased gradually over a
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30min period which minimised the formation o f an impermeable ‘cake’ o f  sediment. 

Over a 2hr period, 30ml o f porewater could be extracted from lOOg o f sediment and 

filtered directly into a sample vial attached to the base o f  the squeezer. As the vial is 

semi-closed the device can be used in rough seas without potential sample loss.

Although the devices discussed so far have reduced the potential for contamination 

from metals there is still potential for the cores to be exposed to oxygen during the 

slicing and squeezing process. In order to overcome this, whole-core squeezers have 

been developed (Bender et al. 1987; Jahnke 1988) which minimise or eliminate 

exposure to the atmosphere. The device developed by Bender et al. (1987) allowed 

the collection o f porewater on a fine scale producing profiles with a millimetre depth 

resolution. A core o f sediment was squeezed by applying manual pressure to a 

piston that was placed above a column o f bottom water covering the sediment. The 

researchers calculated that for every 1mm the piston moved downwards, 3-3.5ml o f 

water was extruded up through a filter membrane into a sample collection vial. The 

depth from which the water had been obtained was calculated from the volume o f 

water squeezed, the porosity o f  the sediment and the radius o f the core container. 

Problems with this method include mixing o f the water layers within the sediment 

and contamination o f the porewaters with the overlying bottom water as pressure is 

applied. From several control and tracer experiments Bender et al. (1987) showed 

that the overlying bottom water only mixed with the top 2mm o f sediment and that 

any internal mixing o f the porewaters was limited to a few millimetres. Thus they 

concluded that this device was suitable for assessing un-reactive ions and molecules 

but that reactive ions, such as trace metals, would be compromised as they are 

susceptible to rapid alterations caused by increasing pressures.

Jahnke’s (1988) whole-core squeezer works in much the same way as the one 

described by Bender at al. (1987), a core o f sediment with overlying bottom water is 

sealed inside a container and pistons are used to squeeze the sediment to collect 

porewater. The main difference between the two devices is that Jahnke’s has a series 

o f sample ports drilled down one side o f the core liner. The ports are kept sealed 

with Teflon® screws when not in use and a modified syringe with an in-line filter is 

attached to them when sampling is being carried out. The procedure is relatively fast 

compared to sectioning cores before squeezing or centrifuging and 10ml o f water
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from each o f 10 depth intervals can be collected in ~1.5h depending on the sediment 

porosity.

As exposure to oxygen is a concern with centrifugation and squeezing techniques 

sediment cores should be rapidly placed in carriers purged with inert gas e.g. 

nitrogen or helium, and then sealed (Lyons et al. 1979; McCaffrey et al. 1980) to 

minimise any exposure to the atmosphere. Sectioning o f the cores should also be 

carried out from within glove boxes filled with inert gas in cold rooms (McCaffrey et 

al. 1980; e.g. see Elderfield et al. 1981; Viel et al. 1991). In addition to oxygen 

contamination, changes in temperature may cause alterations to the chemical 

constituents o f the sediments sampled, with increases between 1.3 - 13% and 

depletions up to 5%, reported for various chemicals when sediments were warmed to 

room temperature before porewater extraction (Bischoff et al. 1970; Fanning & 

Pilson 1971).

Although both centrifugation and squeezing have been widely used for porewater 

extraction (e.g. see McCaffrey et al. 1980; Usui et al. 1998; Heilskov et al. 2006; 

Huerta-Diaz et al. 2007) they can be unsuited to certain sediments. In particular, 

water from permeable, sandy sediments drains out o f collected cores when they are 

sectioned (Berg & McGlathery 2001) and there are problems with water movement 

through the length o f the core whilst being transported back to the laboratory 

(Mudroch & Azcue 1995). To overcome the difficulty o f obtaining sufficient water 

from permeable sediments some researchers have pooled the retrieved water samples 

(e.g. Propp & Propp 2001), however, as concentrations o f  chemicals in extracted 

porewaters can vary highly between samples, pooling water could introduce artefacts 

and not provide a reliable view of the sediments’ chemical properties. For low 

permeability sediments i.e. muds and silts, both methods can be useful for porewater 

collection.

Comparison o f estimates o f chemical composition made between analyses based on 

different centrifugation methods are impossible as there appears to be little 

consistency with reported concentrations between methods (Mudroch & Azcue 

1995), and although the problems o f oxidation, metal contamination, temperature and 

pressure alterations have been overcome to some extent with squeezing techniques, it 

is generally agreed that squeezers are only suitable for obtaining “representative”
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samples o f porewater chemistry rather than quantitative ones (Mudroch & Azcue 

1995).

3.4 Dialysis
Dialysis is an in situ method o f obtaining chemical constituents from porewater and 

relies on the principal o f diffusion (Hesslein 1976; Mudroch & Azcue 1995; 

Teasdale et al. 1995). The method was developed for several reasons; (i) to prevent 

or lower exposure to oxygen that was a potential problem in both centrifugation and 

squeezing techniques, (ii) to obtain a fine scale resolution for chemical profiles 

through the sediment that can be difficult to obtain with the ex situ methods, (iii) to 

eliminate chemical alterations caused by pressure changes during squeezing, (iv) 

because core sampling in highly porous, coarse grained sediments can lead to loss of 

water when preparing for centrifugation or squeezing and (v) to eliminate a separate 

filtration stage which could potentially introduce artefacts.

One o f the first to use this method was Mayer (1976), who utilised dialysis bags to 

assess silica concentrations in a lake sediment. A plastic tube was perforated along 

its length to allow porewater to pass through into dialysis bags that were filled with 

de-ionised water. Depth resolution was achieved by compartmentalising the tube 

using rubber washers above and below the bags to separate them. A removable 

rubber cone at the base o f the tube facilitated insertion into the sediment and the open 

end o f the device was sealed to prevent overlying water entering the sampler from 

the top. For this device an equilibration time o f ~5 days was deemed sufficient at 

temperatures o f 20-25°C, after which time the dialysis bags were removed and cut 

open to obtain the water sample. Although, as used, this method did not prevent 

oxygen contamination from occurring, it would not be difficult to modify the 

methodology by opening the bags in an inert atmosphere to solve this. The 

membranes did filter particulate matter thus eliminating the need for an extra stage in 

sample collection and the size o f  the sample would depend on the size o f the dialysis 

bag used.

Water filled  peepers

Dialysis devices, termed ‘peepers’, were developed by Hesslein (1976) in order to 

sample concentrations o f  chemicals in porewaters at greater vertical resolutions than 

could be offered by either centrifugation or squeezing at the time. Two 8 x 60cm 

sheets o f acrylic plastic (a bottom plate 1.3cm thick and a top plate 0.3cm thick) were
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used for peeper construction and held together with nylon screws. Both plates were 

drilled simultaneously to create close fitting compartments, at intervals o f 1cm, in 

which de-ionised water would be held (Fig. 3.1). With this peeper design the sample 

size would be 4ml.

To prepare the peeper for use the compartments in the bottom plate were filled with 

de-ionised water and a sheet o f dialysis membrane was placed over the entire plate. 

The top plate was then screwed into place and the entire assemblage left in a closed 

bath o f  de-gassed, distilled water to allow loss o f any trapped dissolved gasses from 

the component parts. The peeper was then ready for use. After insertion o f the 

peeper into the sediment it was left for ~1 week to equilibrate with the surrounding 

porewater, samples were then collected from the compartments by inserting a needle 

through the membrane and drawing off the contents. This method minimises sample 

contact with the atmosphere and provides a 1cm resolution for porewater profiles as 

well as being relatively inexpensive and simple to build and operate.

The basic design of Hesslein’s (1976) device has been modified and adapted 

subsequently to meet specific research needs but has remained basically unchanged 

(Mudroch & Azcue 1995; Teasdale et al. 1995). One modification was to increase 

the volume o f water that could be obtained for analysis (Azcue et al. 1996). The 

peeper was built with sample chambers running down it at 2cm intervals and blocks 

attached to both sides o f  the peeper were alternately drilled to provide an opening 

into each o f the chambers and fitted with a screw thread. Sample bottles (volume 

30ml) filled with de-ionised water were then screwed into the peeper prior to 

deployment in the field. The device could also be fitted with a valve mechanism in 

the bottle blocks which sealed the bottles whilst the sampler was in situ, this could be 

automated thus stopping diffusion into the sample bottle if it was not possible to 

retrieve the sampler immediately after the equilibration time had elapsed and 

preventing oxygen contamination as the bottles could be sealed in situ before 

collection. Azcue et al (1996) found that the equilibration time could be up to 3 

weeks depending on the compound o f interest and, although the sampler was limited 

to use in soft sediments due to its size and fine resolution was not possible (2cm 

minimum), it did provide a large volume sample and minimal exposure to oxygen.
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Although reducing, or eliminating, potential exposure to oxygen is a concern when 

handling porewaters for chemical analysis, there may also be issues with disturbance 

to the sediment causing alterations in chemical profiles (Teasdale et al. 1995; Jacobs 

2002; Serbst et al. 2003). For temporal variations in chemical profiles the peepers 

also need to be deployed and collected repeatedly, which may prove costly if they are 

used in a subtidal area needing to be deployed by divers (Jacobs 2002). In an effort 

to minimise the disturbance caused by placement and removal o f peepers Jacobs 

(2002) developed a rechargeable device. The peeper was similar to Hesslein’s 

(1976) in design but the sample chambers were drilled at a 30° angle to the 

horizontal with a hole at either end to which tubing was attached (Fig. 3.5). The 

chambers were filled with de-ionised water pumped through the tube attached to the 

top end of the compartment, and samples were retrieved via the tubing at the bottom 

of the compartment with ~20ml o f water obtainable for analysis. Equilibration took 

1-3 weeks dependant on the sediment and chemicals o f interest and device could be 

left in situ for repeated sampling o f the same area.

Figure 3.5 - Rechargeable dialysis peeper (redrawn from Jacobs, 2002).

One potential problem with the above peeper designs is their one-dimensional view 

o f the sediment i.e. they obtain readings from one side o f the device only. A 

modification o f the design to allow sampling from both sides o f the peeper was 

proposed by Simon et al. (1985) where a 2.5cm acrylic block was drilled through at 

lcm  intervals to create slots measuring 3.5 x 0.5cm. A 0.2pm polycarbonate dialysis
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membrane was then placed over one side o f the peeper and a 3mm acrylic face plate 

attached to the device to hold the membrane in place. The peeper was placed in a 

bath o f NaCl solution that had been degassed with N 2 and a dialysis membrane and 

face plate attached to the open side to create solution filled dialysis chambers. The 

NaCl solution was used to minimise water loss from the sampler into the surrounding 

sediment in an estuarine area where the device was tested. After equilibration the 

peeper was removed from the sediment and placed in an N 2 filled glove bag in the 

field, water was removed from each chamber using needle fitted syringes that could 

pierce the membrane (~10ml volume per sample) and all sampling was completed 

within 20min of retrieval.

The majority o f peepers are used in shallow water environments as the time needed 

to retrieve them from deep sea study sites would allow diffusion o f ions across the 

membrane during retrieval as well as exposing anoxic porewaters to an oxygenated 

environment (Holcombe et al. 2001; Dattagupta et al. 2007). By modifying Mayer’s 

(1976) device, Dattagupta et al. (2007) were able to obtain porewater samples from a 

cold seep environment in the Gulf o f Mexico at a resolution o f 10cm. They achieved 

this by constructing the peeper out of two tubes, one o f which could be turned, via an 

aluminium handle, by an ROV to open or close the sampling ports for each chamber. 

This modification could be utilised in shallow water studies to allow collection o f 

water from the sample chambers on the surface rather than whilst underwater which 

is the usual practice (Mudroch & Azcue 1995).

Gel peepers

As an alternate method to filling chambers with de-ionised water several researchers 

began to experiment with polyacrylamide gels (e.g. see Reeburgh & Erickson 1982; 

Davison et al. 1991; Krom et al. 1994; Fones et al. 1998). Reeburgh and Erikson 

(1982) used the same type o f gels that are utilised in protein electrophoresis to assess 

sulphide concentrations in sediments by adding lead acetate to a 2mm thick gel. The 

gels were contained in a plastic holder that offered some rigidity whilst allowing one 

face o f the gel to be exposed to the sediment when the ‘dipstick’ was deployed. The 

gels were left in anoxic marine sediments for 5-15min, after which they were 

removed and photographed using a high-contrast black and white spectrographic 

film. The concentration o f sulphide in the sediment could then be estimated from the
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strength o f the reaction to the lead acetate in the gel - the darker the colouration 

bands on the gel the higher the concentration o f sulphide.

This method relies on a chemical reaction occurring that creates coloured banding on 

the gel, but for sulphides is useful due to their high reactivity with oxygen and the 

authors suggested adaptations that could be made to the dipstick for chemicals, 

environments or studies in which a colour reaction was not possible. The main 

suggestion was to make a standard gel and allow diffusion of chemicals into it. 

Using a diffusion coefficient o f 2x1 O'5 cm2 s '1 for solutes in any chosen study 

sediment a 90% equilibration with the sediments chemical constituents could be 

achieved in 30min, the gel could then be sliced into depth sections to retrieve the 

constituents. The effectiveness o f obtaining chemicals in this fashion was 

demonstrated by Krom et al. (1994) who placed cut segments into a centrifugation 

tube with lOOpl de-gassed, deionised water (DDW) and then centrifuged them for 

5min at 13,000rpm to ensure complete immersion o f the segment in the water. A 

back-equilibration time o f ~ lh  was allowed to permit the chemical constituents to 

accumulate in the DDW, the water was then drawn out o f the tube using a syringe for 

analysis using chromatography or colorimetric methods (Krom et al. 1994).

The ability to obtain a depth resolution on the micron scale rather than millimetre or 

centimetre is one advantage o f using gels for dialysis rather than the traditional water 

filled peeper (e.g. see Davison et al. 1991; Davison et al. 1994; Krom et al. 1994; 

Edenbom et al. 2002). Davison et al. (1991) used the technique o f diffusion 

equilibrium into a thin film gel (termed DET) to assess iron concentrations in 

porewaters on a millimetre scale by using x-rays o f dried gel films. They found that 

iron concentrations in their study site were at a maximum just below the sediment 

surface, which would have been missed if conventional dialysis peepers had been 

used.

One caveat to using gels for dialysis is the potential for the ‘relaxation’ (i.e. 

movement o f chemical species vertically through the gel) o f chemical profiles after 

retrieval (Harper et al. 1997; Edenbom et al. 2002). As relaxation is a slow process, 

it will be affected by the time taken between retrieval and subsequent slicing o f the 

gel (Harper et al. 1997), thus rapid processing o f gels is required. To overcome the 

problem o f relaxation, gels could be used in a similar way to regular peepers with the 

chambers being filled with gel instead o f water (Edenbom et al. 2002). A device
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placing gels in 2 0 0 pm wide compartments on a ceramic sheet was proposed by 

Fones et al. (1998), a procedure termed ‘constrained DET’. Testing for iron 

concentrations in lake sediments they found good agreement between profiles 

obtained from the constrained DET and a traditional DET probe and concluded that 

this method could be used to measure concentrations o f most major components o f 

porewaters.

For all peepers several considerations need to be kept in mind: - materials used to 

build the peeper, membrane type, the sample volume required, surface area o f the 

chamber window, disturbance to the sediment and equilibration times (e.g. see 

Carignan 1984; Teasdale et al. 1995; Serbst et al. 2003).

A potential problem with water filled peepers (Grigg et al. 1999) is porewater 

convection initialised by the peeper. This is caused by a difference in density 

between the de-ionised water in the peeper cells and the naturally occurring seawater 

in the sediments being studied. Porewater becomes depleted o f ions as they diffuse 

across the peeper membrane and into the cells; this causes the less dense porewater 

to move upwards through the sediment along the face o f the peeper and for denser 

water to be drawn towards the device. Observations o f this phenomenon indicate 

that water is drawn towards the lowest cells causing them to equilibrate much faster 

than cells nearer the sediment surface, and faster than predicted by equilibration 

models (Adler 1977; Grigg et al. 1999).

Although the convection caused by the difference in density between the peeper 

water and the porewater will cause rapid mixing within the cells and may speed up 

equilibration times (Webster et al. 1998) it can also cause a shift in the distribution o f 

chemical concentrations in the sediment. This shift may cause diffusion o f ions out 

o f the peeper cells and into the sediment, which can then be carried up the peeper 

walls and possibly diffuse into adjacent cells closer to the sediment surface (Grigg et 

al. 1999). It may also take longer than the predicted equilibration time for the 

distribution shift to dissipate -  this means that peepers may be prematurely removed 

from the sampling site and an accurate porewater profile will not be obtained (Grigg 

et al. 1999). To overcome this problem, but still maintain some convection to allow 

faster equilibration, Simon et al. (1985) used an NaCl solution half the concentration 

o f that expected at the study site. However, this may still cause a shift in 

concentration distributions through the sediment and it is suggested that peeper cells
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be filled with artificial seawater o f the same density as that present at the study site 

(Grigg eta l. 1999).

Carignan (1984) discussed problems o f using polycarbonate for peeper construction 

with regard to concentrations o f dissolved reactive phosphorus, iron and manganese. 

There was deposition o f ferric hydroxide on peepers made from polycarbonate and 

concentrations o f all three chemicals being studied were lower than when Plexiglass 

was used for peeper construction, even though both types o f peeper were de-aerated 

before use. In a later study, Carignan et al. (1994) noted lower concentrations o f 

several chemicals from anoxic lake sediments when only the water used in the 

sample chambers had been de-aerated, leading to the conclusion that oxygen stored 

in the material the peeper was constructed from was being released and causing 

oxidation to occur. They subsequently tested seven different materials (acrylic, 

polycarbonate, Teflon®, HDPE, PVDF, clear PVC and Delrin) that could be used in 

peeper construction stating that the ideal polymer should have either very low 

oxygen solubility or long half time release rate for oxygen. None o f the materials 

tested had these qualities as all could store oxygen in high enough quantities to alter 

chemical composition in sediments, but HDPE and PVDF were considered to be the 

most suitable as they had oxygen solubilities o f 0 .6 % and 0 .8 %, and oxygen half 

times o f 3.7d and 9 .Id respectively. It is therefore recommended that peepers are 

deoxygenated for at least 30d in an inert atmosphere (e.g. N 2) before assembly 

(Carignan et al. 1994; Teasdale et al. 1995).

Membranes used in peepers need to be mechanically strong to withstand abrasion 

during placement and retrieval, have little to no porosity to prevent particulate matter 

from entering the sample chamber or adhering to a gel and have low bio

degradability whilst being permeable enough to allow passage o f chemical species 

into the sampler (Brandi & Hanselmann 1991; Teasdale et al. 1995). In tests o f  13 

different membranes, Brandi and Hanselmann (1991) found that polyethylene and 

polycarbonate membranes could be too thin and did not have the required 

mechanical stability. Several membrane types were found to be too porous (a 

polyamide, acrylic polymer and polysulphone) and the remaining polyamide and 

polyethylene’s had low permeabilities. They found that cellulose was a suitable 

membrane for use in low temperature anoxic environments but it was susceptible to 

microbial attack which would cause degradation and a change in permeability
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(Brandi & Hanselmann 1991), it can also create a local nutrient demand thus using 

up any nutrients that may be part o f an investigation (Carignan 1984). Because o f 

this limitation polysulphone membranes are recommended for use in peepers as they 

are resistant to bacterial and mechanical degradation (Carignan 1984; Teasdale et al. 

1995).

For most studies, sample volume and exposed surface area o f the sample chamber 

will be dictated by the size o f peeper that can be constructed and how much 

disturbance to the sediment it is likely to cause, with the optimal design being a 

compromise between these factors and resources available (Teasdale et al. 1995). 

The equilibration time will depend on porosity o f the sediment, the diffusion 

coefficient o f the chemical o f interest, its adsorption to the solid phase and 

temperature (Carignan 1984; Mudroch & Azcue 1995; Azcue et al. 1996). Due to 

this a standard time for equilibration cannot be employed but periods o f 5-20 days 

have been deemed sufficient for Hesslein (1976) type peepers, and 30min to 24h has 

been utilised successfully for gel devices (e.g. see Davison et al. 1991; Krom et al. 

1994; Harper et al. 1999).

3.5 Suction
In an attempt to overcome the alterations to chemical composition that can be caused 

by temperature and pressure changes from ex situ collection techniques whilst 

reducing the logistical constraints o f peepers, a further in situ method, suction 

extraction, was developed (e.g. see Sayles et al. 1973; Goodman 1979; Montgomery 

et al. 1981). This involves inserting a sampling device, often referred to as a 

“sipper”, into the sediment and withdrawing porewater by applying suction from a 

syringe or pump, or creating a vacuum in a sealed section o f the sampling device to 

begin water flow (e.g. see Watson & Frickers 1990; Winger & Lasier 1991; Nayar et 

al. 2006). However, this method may not allow the same vertical resolution that can 

be obtained with dialysis (Watson & Frickers 1990), presents some operational 

difficulties with regards to deep water sampling (Goodman 1979), and may cause 

drawdown o f water from sediment layers above the required sampling depth, or from 

the overlying water (Fig. 3.6) (Montgomery et al. 1979; Brinkman et al. 1982). 

There may also be some interference between sampling depths with those devices 

capable o f collecting porewater from several depths simultaneously (Watson & 

Frickers 1990).
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O verly ing  w ater

Figure 3.6 - Drawdown of overlying water from shallow depths in the sediment caused by suction 

through the sampling device (redrawn from Brinkman e t a l., 1982).

As there is little resistance to vertical water movement through sediments, drawdown 

(the collection o f overlying water along with porewater, or porewater being drawn 

into the sample ports from above or below the desired depth (Fig. 3.6)) can be caused 

by the suction applied to the sampling device initiating water movement within the 

sediment column (Brinkman et al. 1982). This can cause problems when samples are 

required from close to or just below the sediment surface in sub-tidal areas, or when 

samples are required during tidal inundation, and may cause samples to not be 

representative of the actual depth they were collected from (Montgomery et al. 1979; 

Watson & Frickers 1990). The possibility o f drawdown does depend on the 

permeability o f the sediment being sampled and the flow rate being created by the 

sampling procedure (Brinkman et al. 1982).

Multi-depth sippers

One o f the earliest sippers used in marine sediments was developed by Sayles et al. 

(1973) and could obtain porewater samples from five depths, along with a single 

sample o f overlying water, from deep-sea sediments. The device comprised a 2m 

long stainless steel tube with five porewater ports drilled at 30cm intervals along its
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length, covered with a filter membrane and capillary tubing connected to each port. 

The device resembled a large syringe -  with a base plate attached to the top o f the 

tube to halt penetration into the sediment and a plunger mechanism (a spring loaded 

piston capable o f applying 34 atm pressure) which applied suction to the capillary 

tubing to start sampling and opened the sample ports. The plunger was activated by 

a trigger mechanism, underneath the base plate, being pushed upwards when the 

plate reached the sea floor, when the device was retracted the trigger re-set and 

closed the sample ports preventing further sampling or contamination from overlying 

seawater (Sayles et al. 1973; Sayles et al. 1976). The sampler can collect up to 20ml 

o f porewater from each port.

A similar device was developed for deep sea sampling in permeable sediments that 

could be used by Remotely Operated Vehicles (ROV’s) (Sansone et al. 2008). Three 

sampling ports cut into a PVC pipe were each attached to a sample tube, which was 

connected to a cylinder (vacuum reservoir) which had a suction o f 1 atm applied to it 

before deployment via ROV. Instead of a syringe mechanism to begin sampling, a 

series o f valves connecting the vacuum reservoir to the sample tubing, and the tubing 

to the sample ports, could be turned on and off using the ROV’s manipulator arm to 

begin and end sampling. A 3-4min period was allowed for settlement o f any 

sediment disturbance before the valve connecting the sample tube to the vacuum 

reservoir was opened and sampling began.

Variations on this design have been developed for use in intertidal and shallow water 

environments (e.g. see Hursthouse et al. 1993; Bertolin et al. 1995; Martin et al. 

2003; Beck et al. 2007). For sampling intertidal porewaters of the Clyde Estuary, 

UK, Hursthouse et al. (1993) used a polythene tub (14cm deep, 10cm diameter) as 

the main body o f their device. Sampling ports (1.5cm diameter) were cut into the tub 

in a descending spiral at 2.5cm intervals and rubber bungs were placed in them 

whilst the sampler was placed in the sediment. The sampler was placed in a pre-cut 

hole in the sediment that was o f a smaller diameter, this caused smearing of the 

sediment layers but prevented seepage o f overlying water down the sides o f the tub 

and into the sample ports. The rubber bungs were then replaced with sampling bungs 

- rubber bungs with a tube threaded through them and filter membranes covering the 

end o f the tubing. Once the tub had been weighed down it was left for one tidal
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cycle before sampling via application o f suction using a pump, enabling flow rates of 

2.5ml min'1.

The devices designed by Martin et al. (2003) and Beck et al. (2007) were both 

created in order to obtain samples from depth in the sediment i.e. 2 m or more and 

resembled Sayles’ et al. (1973; 1976) device. However, there were some important 

design differences which addressed concerns about metal contamination and 

accommodated shallow water usage. Both sippers were built using plastic pipes and 

had sample ports drilled down their lengths in a descending spiral. A porous 

membrane covered the sampling ports to act as a filter for particulates and PVC 

(Martin et al. 2003) or Teflon® (Beck et al. 2007) tubing was threaded down each 

pipe and attached to the sampling ports. Instead of a syringe device attached to the 

top o f the sampler pipe to begin suction from each port into the sampling tubes, the 

sampling tubes on both devices extended beyond the main body o f the sampler and 

were attached to a pump or syringe to apply suction. The Martin et al. (2003) device 

gave flow rates of 1ml s ' 1 (not reported for Beck et al. 2007), whilst the device used 

by Beck et al. (2007) could obtain 100ml water from each sampling depth down to 

the maximum o f 5m. The Beck et al. (2007) sampler had a plastic plate surrounding 

the sampling ports to provide a raised edge so that the openings were not flush with 

the sides o f the tube, this prevented drawdown of water along the sides o f  the 

sampler but may not have prevented drawdown through the sediment from outside 

the raised edge.

The sipper designed by Bertolin et al. (1995) was built from a rectangular nylon 

block 90cm long, 8 cm wide and 6 cm in depth and sample ports were drilled through 

it from the edges to create sample chambers with a volume o f 30ml and two openings 

(Fig. 3.7). The ports were covered with a 0.45pm membrane for filtration and a 

nylon plate, punctured in the areas that would cover the ports, was placed over the 

membrane to offer some protection. Sample collection tubes ran down the wide 

faces o f the nylon block, set into an alcove that had been cut for them, and then 

inserted into the appropriate chamber. A vacuum was applied to the chambers after 

insertion into the sediment using syringes attached to the sample tubing, and the 

device was then left for 2  weeks to allow any disturbance to sediment properties 

caused by placement to dissipate.

58



3. Benthic Nutrient Dynamics: A review o f methods for studying sediment porewater chemistry
Sam ple

Figure 3.7 - Redrawn Bertolin e t al. (1995) sipper with sample ports drilled into the sides of an acrylic 

block which are then covered with a filter membrane and a face plate.

Samplers which can collect water from several depths simultaneously whilst being 

part o f a single unit have also been developed using a variety o f materials and 

methods (e.g. see Montgomery et al. 1981; Watson & Frickers 1990; Carmouze et al. 

1997). One o f the earliest to be designed for marine sediment use was built using a 

series o f  porous Teflon® rings (which acted as a filter thus removing the need for 

later filtration at the laboratory) that were stacked together to form the main body of 

the device (Montgomery et al. 1981). Plexiglas separators, consisting o f a disc o f 

plastic attached to a smaller plastic tube which had holes drilled through it (Fig. 

3.8a), formed part o f a sampling chamber. The Teflon® rings were slipped over the 

small tube and a second separator was placed on top o f the open side to create a 

discrete sample chamber. Stacking separators and ring pieces in this manner created 

four discrete chambers (Fig. 3.8b), but it would be possible to increase the number o f 

chambers by adding more pieces. Each o f the plastic discs was drilled with four 

holes to allow passage o f sample collection tubes, which ran the length o f the device 

opening at a single chamber each, and then sealed to prevent water seepage between 

chambers. Suction was applied via a pump allowing porewater collection at a rate o f 

4ml min'1.
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Figure 3.8 a) Porous Teflon rings and sample chambers used for the Montgomery e t al. (1981)

sampling ‘candle’; b) Chambers stacked together to form the ‘candle’. (Redrawn from Montgomery 

e t a l ,  1981).

A similar device was proposed by Carmouze et al. ( 1997) using porous ceramic rings 

as a wall for the sample chamber. Polypropylene discs were drilled through the 

centre and then attached to either side o f a ceramic ring to create a sample chamber. 

A stainless steel tube, with ports drilled at appropriate depths, was threaded through 

the openings in the polypropylene discs thus stacking the chambers to create a multi

level sampling device. Capillary tubing was attached to the openings in the steel 

tube to provide a method o f sample extraction. The device can act as a sipper, in 

which case it is left in the sediment for 3-6h to allow any oxidized material created 

during placement to disperse, and then a valve is opened to allow water to be drawn 

into the device for ~8 h after which sufficient water has accumulated for sampling to 

begin. It can also act as a peeper, in which case the chambers are filled with de

ionised water before placement and the device is left in the sediment for 5-8 days to 

allow for equilibration.

The use o f ceramics to create sampling devices can cause contamination if analysing 

porewaters for soluble nutrients, particularly with silicate (Zimmermann et al. 1978; 

Carmouze et al. 1997). When used as a filtering material in suction devices the
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ceramics may clog easily and require more cleaning when compared to Teflon® 

(Montgomery et al. 1979).

The multi-level sipper designed by Watson and Frickers (1990) was built from a 

solid cylinder o f Plexiglas (10cm length, 6 cm diameter) and was designed to 

overcome the lack o f depth resolution obtainable by suction samplers at the time, as 

well as to remove the need for a filtration step in the sample preparation process. 

Vertical sample chambers were drilled into the solid cylinder (6 cm depth, 2cm 

diameter) and a slot (1x0.5x3.5cm) was cut into the side o f each chamber. The slots 

spiralled round down the cylinder, the top o f edge o f one starting on a level with the 

bottom edge o f the previous slot. Porous PTFE inserts were placed in each slot 

which allowed the passage o f sample water when a vacuum was applied and filtered 

out particulates. Sample tubes were passed through a top plate into the drilled 

chambers and the plate sealed onto the device, the tubes were also sealed to prevent 

seepage o f air or overlying water into the sampler. The sampler was left for 24h after 

insertion for equilibration, after which time a vacuum was applied to the chambers. 

A 15-45min time period to allow water seepage into the chambers was allotted 

(varying dependant on sediment type) and ~15ml o f porewater was collected from 

the chambers via the sample tubes.

Single depth sippers

The devices described thus far have all required considerable construction time and 

the use o f precision engineering facilities, which may not always be readily 

available. Several devices have therefore been developed that are simple to construct 

and deploy in the field, in cores that have been extracted from deep sea sediments or 

from sediments in mesocosms. Probably the simplest device for collection o f 

porewater samples via suction is that described by Winger and Lasier (1991). A 

fiised-glass airstone was attached to a piece o f aquarium tubing and then placed in 

the sediment at a depth o f 8 - 10cm, a 25ml syringe was fitted to the end o f the tubing 

and the plunger drawn back to apply suction (Fig. 3.9). Water was collected simply 

and rapidly with the airstone acting as a filter for particulates, although it may get 

clogged in fine, silty sediments (Watson & Frickers 1990).
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Figure 3.9 - A redrawn Winger and Lasier (1991) suction sampler.

Other simple devices include “needle” probes (Fig. 3.10a-b) (e.g. Berg & 

McGlathery 2001), sometimes mounted on frames (e.g. Brinkman et al. 1982; Duff 

et al. 1998), or plastic tubes with a sample chamber at the base and a water collection 

tube running the length o f the device (Fig. 3.2, 3.1 la-b) (e.g. see Zimmermann et al. 

1978; Rey et al. 1992; Steinmann et al. 2001; Nayar et al. 2006).

b)

Is
I

—  Syringe port

—  In-line valve

------ Pipette

Sam ple portV
Figure 3.10 -  a) A redrawn Brinkman et al. (1982) “needle” probe; b) Pipette “needle” sampler.
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Needle probes

Thin tubes o f stainless steel mounted on frames have been used as needle type 

samplers in lake and river sediments (e.g. Brinkman et al. 1982; Duff et al. 1998). 

The device described by Brinkman et al. (1982) consisted o f several tubes 

incorporating a filter, which split the tube into two sections, attached to a triangular 

frame. Inside each steel tube there was a floating valve above the filter and sampling 

ports below the filter, when suction was applied (using a pump) to begin sampling, 

water was drawn up through the filter and raised the floating valve (Fig. 3.10a). 

When the valve reached the top o f the sampling tube it closed off the suction and 

stopped the sampling process. Each tube was a different length to allow for multiple 

depth samples to be obtained, the floating valve automatically halted sampling in the 

shorter tubes whilst the longer ones continued, this allowed all samples to be 

collected simultaneously. Rubber plates were attached over the top o f each sampling 

point to prevent drawdown in the shallowest sampling tubes. The needle sampler 

described by Duff et al. (1998) differed from the above device in that it consisted o f 

hollow stainless steel needles (0.318cm O.D.) with slots cut in them near the tip and 

no plastic float to prevent suction or any internal filtration. The sampler used by 

Berg and McGlathery (2001) consisted o f a single steel tube (referred to as a ‘probe’) 

with 4 holes drilled equidistantly around its circumference, 2mm above the sealed 

tip. The probe was attached to Tygon® tubing, which was connected to a syringe, 

and suction was applied by bracing the syringe plunger open.

Pipe sippers

A sampler constructed o f a plastic tube with a sampling chamber attached to one end 

was first described by Zimmerman et al. (1978) when comparing porous ceramic and 

Teflon® cups as filtration mechanisms for porewater sampling (Fig. 3.2). A cup was 

attached to a piece o f PVC pipe and a rubber bung was placed in the open end o f the 

pipe to seal it. Two pieces o f tubing passed through the rubber bung, one to the base 

o f  the device for sample collection and the other reached just beyond the bung to 

allow air to be drawn out o f the tube creating a vacuum. The sampler was left in 

place for 5-20min depending on the material o f the sampling cup, after which time a 

sample was withdrawn. This design was later modified by Rey et al. (1992) when 

studying variations in sulphide concentrations in artificial salt marshes and natural 

tidal creeks. A layered tube consisting o f a 1.27cm diameter PVC pipe drilled with 

holes, a filter covering o f 150gm polyethylene, a second PVC pipe o f 1.91cm
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diameter, also drilled with holes, and a plastic mesh screen as a final layer was used 

instead o f a porous ceramic or Teflon® cup as a combined sample chamber and filter 

mechanism. A section o f PVC pipe drilled with 2mm holes and covered with a fine 

mesh was also used by Steinmann et al. (2001) in their mobile interstitial water and 

sediment sampler (MISS). The MISS was designed to obtain a porewater sample at a 

single depth and allow collection o f a sediment sample using the same device. A 

vacuum o f ~0.5atm was applied to the sample chamber and a time lag o f lm in was 

allowed before water was drawn up through a sampling tube. The time lag allowed 

some water to trickle into the chamber before sampling began and prevented the need 

to pause pumping as a continuous flow was achieved.

, Sam ple 
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valve
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Plunger
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M ale valve
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Figure 3.11a- Redrawn Porextractor designed by Nayar e t al. (2006)
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A sampler that was designed to be used either in situ or ex situ, and removed the 

need for a pump to provide a vacuum or suction, was the Porextractor developed by 

Nayar et al. (2006). The sampler consisted o f a water tight sample tube (16.5cm 

long, 30mm I.D., 34mm O.D.) sealed at one end with a rubber bung and attached to 

male and female valve socket (both 25mm plumbing fittings) at the other end (Fig. 

3.11a). The female valve socket had a screw thread running part way down its length 

ending in a ridge, upon which sat a disc o f  heavy-duty polyethylene film as a 

membrane and a 0.5mm Nylon mesh screen. The male socket valve was screwed 

into the female valve to secure the membrane and mesh in place, after which the 

male socket was attached to the sample tube and sealed in place using Araldite®. A 

pointed steel rod was pushed through the rubber bung along with a sampling straw, 

both o f which reached the plastic membrane at the base o f the sampling tube. An in

line valve was connected to the sampling straw, onto which a syringe port was 

added. At the base o f the sampler a piece o f tubing cut obliquely (9cm on the long 

side) was added as a cutter to aid insertion into the sediment.

The Porextractor was deployed by pushing it into the sediment to the desired depth 

and then applying a vacuum to the tube by drawing the air out via the sampling straw 

using a 60ml syringe. After establishing a partial vacuum, the in-line valve on the 

sampling straw was closed and the steel rod was pushed through the plastic 

membrane several times to begin water flow into the sampler from the sediment. 

Once flow had begun a syringe was attached to the sampling straw, the in-line valve 

re-opened and water drawn off to the required volume. The Porextractor could 

obtain 60ml of porewater for analysis and, due to its water tight construction, was 

suitable for sub-tidal use as no overlying seawater was able to enter the device during 

deployment. Although the Porextractor eliminated possible contamination with 

overlying water it does not collect porewater samples on the horizontal plane as with 

previously described devices, water is collected from directly beneath the plastic 

membrane. Whilst water from the set depth o f the Porextractor is collected, upwards 

movement o f porewaters from below the desired depth is possible and highly 

probable given the sample volumes reported.

Modified Porextractor

A modified version o f the Porextractor was used by Jones and Frid (2009) to assess 

nutrient concentrations in an intertidal environment on the Dee Estuary, UK.
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Porewater was required from several depths in the sediment to provide a profile o f 

changing nutrient concentrations, but leaving a device to equilibrate for several days, 

or over a tidal cycle, was un-desirable as this may have caused artefacts due to 

protrusion from the sediment causing the sampler to alter the topography. The use of 

metal parts was also avoided due to the potential for contamination o f the porewater 

nutrient concentrations. In order to collect porewater samples from a specific depth 

on the horizontal plane, the Porextractor was modified by adding an enclosed sample 

chamber to the base with four ports drilled equidistantly around its circumference 

(Fig. 3.11b).

A key design feature was ease (and cheapness) o f manufacture, all the materials for 

the main body o f the sampler were sourced from local hardware stores. PVC pipe 

(35mm OD, 30mm ID) o f 16.5cm length was used for the main body o f the device; a 

35-40mm expansion socket was used to connect this pipe to a PVC pipe stop end 

(40mm OD, 36 ID), into which ports were drilled, for use as a sample chamber. The 

ports were covered with 0.5mm polyester mesh, on the inside o f the chamber, 

providing a filtration barrier to prevent entry o f large particles. A ridge o f plastic 

was added to the outside o f the end caps above the sample ports on the open edge 

side (Fig. 3.11b) to provide support for the connector valve and prevent slippage 

down over the ports when the device was placed in the sediment. A plastic 

membrane was placed over the open end o f the sample chamber and held in place 

with rubber O-rings that also maintained a seal between the connector valve and the 

main body o f the sampler.

Measuring up the sampler body from the centre o f the sampling port, distances were 

marked on the pipe to indicate depth o f the ports in the sediment. A rubber bung 

with two pre-cut 5mm diameter holes was used to seal the top o f the sampler. 

Through one hole a silicon greased plastic needle (30cm length, 5mm diameter) was 

placed, and the other held a 1ml plastic pipette (27cm long, 5mm OD, 3mm ID). The 

pipette was attached to a 2cm piece o f Tygon® tubing (3.2mm ID, 4.8mm OD), to 

which a mini in-line valve was connected and a second 2cm length o f Tygon® tubing 

was attached to the other side o f the valve creating a syringe port.
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Figure 3.1 lb - Modified Porextractor (Jones and Frid, 2009) -  the sediment cutter has been removed 

and a sample chamber with ports drilled into the sides added to allow for porewater collection on the 

horizontal plane.
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The samplers were deployed by first pushing a pointed wooden pole into the 

sediment to create a hole and then placing the samplers to the desired depth. A 

vacuum was applied to the sampler by withdrawing air using a 60ml syringe 

connected to the sampling pipette. Once a vacuum had been applied, the in-line 

valve was closed and the plastic needle was pushed through the plastic membrane 

several times to begin water flow. The samplers were left for lh  to allow water to 

accumulate in the sample chambers, after this time the pipettes were gently pushed 

through the plastic membrane into the sampling chamber, the in-line valve was 

opened and water was withdrawn into a 20ml syringe. Sample volumes varied from 

l-60ml but no correlation could be found between depths, individual samplers or 

time of sampling for the differences in volume obtained (Jones, unpublished data).

All the components to build this device can easily be found at local hardware stores 

and through laboratory supply companies. The samplers are inexpensive to build, 

are lightweight and easy to dismantle for cleaning. The principle disadvantage o f the 

device is in the large diameter which precludes them from being used to build up 

porewater profiles in small (< lm 2) study plots, as each sampler can only collect 

water from a single depth. The sampler is presently unsuitable for sub-tidal use as 

the sample chamber would be exposed to the overlying water column before 

deployment introducing a possible source o f contamination.

Pipette “needle ” sampler

To overcome the problem o f the sampler’s diameter a method o f collecting 

porewaters was developed using disposable 1ml serological plastic pipettes 

(Fig. 10b). A pipette was sealed at the tip and holes were burnt into two sides, 2cm 

up from the tip, using a heated awl. The syringe port and in-line valve mechanism 

described above for the modified Porextractor were attached to the top o f the pipette 

(with aquarium tubing) and various distances marked up the length o f the pipette to 

indicate depth. The pipettes were placed in the sediment to the required depth, a 

syringe attached to the port applied suction and a water sample o f  up to 2 0 ml was 

collected. This plastic needle sampler has been successfully used for several studies 

carried out on muddy sand with approximately a 40% silt content (Jones unpublished 

data; Cesar, unpublished data).

The main drawback with the sampler is lack of filtration around the holes in the 

pipette tip allowing large particles to accumulate in the body of the device, and to be
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drawn into the syringe during sampling. Deploying more pipettes than are necessary 

on each sampling occasion would be a solution to the clogging problem, as 

transferring the syringe port onto a new device is quick and easy. Alternatively, a 

mesh could be attached the tip o f the pipette to provide some filtration. The samplers 

could be used sub-tidally by fitting a cap to the pipette tips thus preventing water 

entry through the sample ports before deployment. Any overlying water that 

accumulated would be small in volume and could be easily drawn off and discarded 

before a porewater sample was collected. The pipette samplers can be re-used 

following cleaning by flushing with de-ionised or distilled water and a dilute acid 

wash which eliminates any potential sources o f contamination. Alternatively, as both 

the pipettes and aquarium tubing are cheap and easy to acquire, new devices could be 

prepared for each sampling trip with only the in-line valve assembly being cleaned.

3.6 Sample handling
Warming of porewater samples to room temperature during the retrieval process has 

been shown to alter chemical concentrations (e.g. see Fanning & Pilson 1971; 

Edmunds & Bath 1976; Elderfield et al. 1981). Samples collected in the field should 

be kept cold and in the dark for return to the laboratory and all subsequent handling 

carried out in a cold room. Both precautions will slow microbial processes in the 

porewaters collected, particularly if filtration o f the porewater has not been carried 

out before collection or during the sampling period (Mayer 1976; Mudroch & Azcue 

1995).

Porewater samples collected by the majority o f techniques described above will need 

filtering to remove any sediment that may have be present in the water and to 

eliminate any bacteria in order to halt bacterial processes that may be ongoing after 

sampling, potentially altering the chemical constituents o f the porewater samples 

(Mudroch & Azcue 1995). For dialysis methods, and those that include a filtration 

system in the sampler, this step should only be necessary if the samples have become 

contaminated during the retrieval process. The usual method o f filtering porewater 

samples after collection is to push the water through a disposable syringe filter o f 

either 0.25pm or 0.45pm size (the smaller size will eliminate the majority o f 

bacteria) (Nicholls, J., Queen Mary’s University, London, pers. Comm.). Samples 

should be filtered within 4h o f retrieval from the study site; if it is not possible to
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return to the laboratory within this time then filtration should be carried out in the 

field.

Various filter types (e.g. cellulose, polypropylene) have been assessed for use in 

porewater nutrient and trace metal studies (e.g. see Zimmermann et al. 1978; 

Carignan 1984; Serbst et al. 2003; Rausch et al. 2006). For some filter types it was 

found that clogging occurred more frequently even though pore sizes were the same 

(Rausch et al. 2006) and that there was potential for contamination from ammonia 

(Nicholls, J., Queen Mary’s University, London, pers. comm.). If filters are 

becoming clogged and preventing the passage o f water into the collection vial it is 

normal to dispose o f the clogged filter and fit a second one to the syringe to continue 

with filtration. Washing the syringe filters through with de-ionised water prior to 

filtration o f samples would eliminate potential ammonia contamination, if  this is not 

a practical option then testing the filters for contamination by passing de-ionised 

water through the filter and then testing for ammonia before use is a precaution that 

could be taken.

Table 3.1 - Preservatives and containers recommended for storage of porewater samples when 

analysing for various constituents.

Chemical/Element 

of interest

Preservative (volume 

added to a 5ml sample)

Storage
container*

Analysis time

Nutrients
1 Ojul of refrigerated 7%

h 2so 4
P, T As soon as possible

DOC and methane 50pl of saturated HgCl2 G (vacutainers) Within 3 days

Organo-ph osph ates
Concentrated HC1 stored 

at 4°C
G Within 1 month

Trace metals
lOpl concentrated HN03, 

stored at 4°C
P, T Within 14 days

Mercury
50pl H2S04, stored at 

4°C
G, T Within 14 days

Reactive Si02 10pl concentrated HC1 P, T Within 14 days

*P = plastic; T= Teflon®; G = glass

Porewater samples, once filtered, can be stored for later analysis if  necessary 

(Mudroch & Azcue 1995) by keeping them in a cold and, preferably, dark place if 

the storage period is short i.e. 24h. If  storage is required for a longer time period
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then sample preservation will be necessary (Mudroch & Azcue 1995) using the 

appropriate method for the chemical(s) o f interest (Table 3.1). These techniques will 

slow the loss o f volatile chemicals, delay microbial degradation and aid in preventing 

oxidation (Mudroch & Azcue 1995). If  several different preservation techniques are 

required, as different chemical components are being studied (i.e. trace metals and 

nutrients), then splitting o f single samples into aliquots for the preservation stage 

should be carried out as quickly as possible to minimise handling time. Freezing 

samples for storage is not recommended as, when thawed, iron precipitates out into 

colloidal form which will then adsorb phosphate from the water causing artefacts in 

analyses o f these two constituents (Preston, M., University o f Liverpool, pers. 

comm.). Silicate concentrations are also affected by freezing porewater samples as it 

becomes crystallised thus removing it from solution, however, it is possible to return 

any crystallised silicate to solution by allowing the samples to defrost for a minimum 

o f 24h (Preston et al. 2005). The addition o f acid to samples has also proven 

effective at preventing iron oxidation and phosphate loss, but samples still require 

rapid analysis as acidification and overnight storage can alter phosphate levels 

(Emerson 1976).

I f  oxidation is a concern then all the above processes should be carried out in an inert 

atmosphere using glove boxes/bags (Mudroch & Azcue 1995; Schulz 1999).

3.7 Sampler deployment

Sampling devices in sub-tidal areas are most often deployed using SCUBA divers 

(Mudroch & Azcue 1995) or, in deep sea areas, by remote equipment (Dattagupta et 

al. 2007; Sansone et al. 2008). Sampler deployment will cause some disturbance to 

the sediment, the amount will vary depending on deployment method -  removing a 

core o f sediment to place a peeper or sipper may cause more disturbance than having 

a pointed end to the device which allows it to be pushed into place.

A further consideration when planning a study using porewater analyses is the 

requirement to remove and replace samplers if  repeated measurements are desired 

(Jacobs 2002). In this case neither centrifugation nor squeezing techniques would be 

appropriate as it is not possible to sample the exact same area twice as the sediment 

is wholly removed thus destroying the sampling site (Montgomery et al. 1981). Both 

peepers and sippers have been designed to be left in place in the sediment over
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a period o f time in order to obtain a temporal profile for the chemicals o f interest 

(Watson & Frickers 1990; Jacobs 2002). If this type o f device is utilised for 

porewater collection and analysis certain problems can arise that must be either 

accounted for or negated. Leaving a device in place for any length o f time can cause 

it to become fouled by sedentary flora and fauna which may alter the concentrations 

o f various chemicals in the surrounding area thus causing artefacts when water/gel 

samples are analysed (Winger et al. 1998). For peepers a secondary problem with 

fouling is the potential to break or clog the dialysis membrane causing incomplete 

equilibration, contaminating the water cells with particulates or the fouling 

organisms damaging the thin gel films (Ziebis et al. 1996; Huettel et al. 1998).

Leaving devices in place over a tidal cycle or longer may also cause shifts in the way 

porewater moves through the sediment. It has been shown that small protrusions 

(700pm) above the sediment surface can cause increased advective flow of 

porewater in semi-permeable, muddy sediments (Ziebis et al. 1996) which may then 

cause artefacts by altering chemical profiles around the sampler.

3.8 Conclusion

No porewater sampling method is completely free o f artefact issues; there may be 

problems due to oxidation, sample collection or handling considerations and 

deployment issues to be considered (Table 3.2) (Teasdale et al. 1995; Azcue et al. 

1996; Chapman et al. 2002). The choice o f sampling method will be a compromise 

between (i) the depth resolution required; (ii) volume o f water required for analysis,

(iii) disturbance caused to the sediment as well as type o f sediment being sampled;

(iv) known potential artefacts e.g. porewater movement alterations or ‘relaxation’ o f 

profiles when using gel diffusion; (v) materials available for use; (vi) cost of 

manufacture and deployment and (vii) ease o f sample retrieval. These issues will 

need to be considered when choosing the sampling method for any study whilst also 

keeping in mind what quality o f data is required for the task e.g. a study of nutrient 

changes in historic sediments over time may only need a centimetre or metre depth 

resolution whereas the influence o f faunal irrigation on nutrient regeneration in an 

intertidal mudflat may require a millimetre scale resolution.
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4. Altering intertidal sediment topography

4.1 Abstract
Sedimentary marine systems are often highly productive and perform important 

nutrient regeneration functions as they efficiently decompose organic material. In 

recent years the role o f habitat effects and o f species composition in ecosystem 

functioning has become o f interest. Estuarine environments are frequently subject to 

considerable anthropogenic pressures whilst supporting a variety o f habitats ranging 

from well sorted soft muds through biogenically stable sediments to highly mobile 

coarse sands. There is therefore considerable spatial complexity in habitat type and 

faunal composition.

This study set out to observe the effects o f altering the topographical habitat features 

o f an estuarine mudflat on a range o f porewater nutrient concentrations (N H /, NO3', 

NO2", PO4 and Si) collected from four depths (3, 5, 9, and 12cm) and on faunal 

composition. Two treatments (Shelled Nets and Net Controls) were used to alter the 

topography from simple mud to a mussel shell crumble and compared to un

manipulated Control areas. Sediment granulometry and organic matter content 

analyses alongside biological traits analysis o f the fauna were also conducted.

Differences were observed in porewater nutrient concentrations between the Control 

and both netted treatments at 5cm depth only, the species diversity and abundance 

were also different in the netted treatments compared to the Controls although no 

difference between the two manipulated treatments were observed. The changes in 

faunal composition were attributed solely to the altered topography and the observed 

nutrients changes attributed to the faunal alteration rather than the topographical 

manipulation.

4.2 Introduction
Recent concern over the alteration and degradation o f the environment has lead to 

speculation about the consequences for the provision o f ecosystem services (i.e. 

ecological processes with a value to humanity such as climate regulation) and those 

ecological functions (e.g. nutrient regeneration) that directly or indirectly underpin 

these services (e.g. see Bolger 2001; Naeem 2002; Giller et al. 2004; Hooper et al. 

2005 and references therein; Stachowicz et al. 2007). Ecosystem functions result 

from the biological, chemical and physical processes carried out by the species 

inhabiting an area (Naeem et al. 1994) and they are determined by the life habits o f
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these species. Life habits (also known as functional traits) can range from mode of 

locomotion, trophic group and the type o f reproductive strategy exhibited.

Several theories have been proposed to explain the relationship between biodiversity 

and ecosystem functioning (Ehrlich & Ehrlich 1981; Lawton et al. 1993; Mooney et 

al. 1995; Naeem 2002). The redundant species hypothesis recognises that species 

contribute to a number o f ‘ecological functions’ and different species contribute 

different mixes o f functions, overlapping and giving the system some redundancy. 

The idiosyncratic hypothesis argues that as individual species roles are varied and 

complex the effects on ecosystem functions o f the loss o f any one species is 

unpredictable (Naeem 2002; Solan et al. 2004). Therefore consideration must be 

given to the multiple roles o f each species to understand their relationship with 

ecosystem functioning.

Several studies have found that reduced species diversity impaired the ability o f an 

ecosystem to provide certain services (Naeem et al. 1994; Emmerson et al. 2001) and 

that changes in functional diversity have a greater impact on ecosystem services than 

changes in species diversity, although both have an affect (Tilman et al. 1997). More 

recently, research has focussed on the composition o f functional traits in an 

assemblage and how these traits affect ecosystem functions and services. Studies 

have been concerned with the definition o f traits and their effects on the environment 

(Bremner et al. 2003; Welsh 2003; Wolanski et al. 2004), how the composition of 

traits within an area alters after a disturbance and the subsequent effects on 

ecosystem functioning and delivery o f services (Tillin et al. 2006; De Juan et al. 

2007; Savage et al. 2007) and the effect o f different species classified with the same 

functional trait(s) on an ecosystem function e.g. do two “bioturbators” affect nutrient 

cycling in the same way (Matisoff & Wang 1998; François et al. 1999; Michaud et 

al. 2005, 2006). The latter studies have found that species classified by their 

functional traits as biodiffusers, but inhabiting different depths in the sediment affect 

the depth penetration o f oxygenated water differently, thus affecting nutrient cycling 

in different ways (e.g. Michaud et al. 2006; Karlson 2007), indicating that species 

identity may be just as important as the traits they represent.

Within the marine environment most studies have been conducted using intertidal 

estuarine species (e.g. see Banta et al. 1999; Christensen et al. 2000; Emmerson et al. 

2 0 0 1 ) as the species assemblages are typically small ( 1 0 - 2 0  species), the fauna have
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been relatively well studied compared to many sub-tidal species and they are usually 

present in large numbers over a small spatial range allowing sufficient specimens to 

be collected for laboratory studies.

The effects o f nutrient regeneration and flux within intertidal areas due to diffusive 

and advective porewater flows, along with changes to oxygen depth penetration, 

have been studied with regard to both biological and physical factors (Huettel & Gust 

1992; Aller & Aller 1998; Kristensen 2000; Kuwae et al. 2003; Mermillod-Blondin 

et al. 2004; Billerbeck et al. 2006; Kuwae et al. 2006). Biological factors such as 

polychaete tubes, burrowing and bio-irrigation by infauna affect nutrient 

regeneration by altering porewater flow (Huettel & Webster 2001) and the sediment 

surface area available for oxygen exchange (Mortimer et al. 1999; Aller 2001). 

Physical factors investigated have included observing the effects o f varying 

topographical features on porewater movement and oxygen penetration (Ziebis et al. 

1996; Huettel & Webster 2001; Billerbeck et al. 2006). It was found that singular 

protrusions from the sediment surface o f as little as 700pm can cause increased 

advective porewater flow at overlying water flows o f 3cm s '1, pulling porewater from 

deep within to the surface sediments (Huettel & Gust 1992) and increasing oxygen 

penetration two-fold in muddy, low permeability sediments (Ziebis et al. 1996).

The effects o f large species that are also habitat modifiers (e.g. Cerastoderma edule) 

have been investigated with regards to nutrient flux and impact on faunal 

communities, (Rossi et al. 2008; Cesar & Frid 2009) as have the effects o f mussel 

aggregations and macroalgal growth on infauna (e.g. Gunther 1996; Raffaelli 2000; 

Jones & Pinn 2006). The influence o f substratum heterogeneity on epibenthic 

community structure (Bourget et al. 1994) and the effects o f polycheate tubes on 

infaunal communities and overlying water flow have been studied (Luckenbach 

1986; Friedrichs et al. 2000; Callaway 2003). However, the combined effects of 

topographical variation and subsequent alterations to species composition on 

porewater nutrient concentrations have not been. As the ecological functions o f an 

area are dependent on the species found within it (Hooper et al. 2005), it may be the 

case that the composition o f functional traits and the delivery o f ecosystem functions 

will vary as the species assemblage does.

Due to the nature o f estuarine environments a variety o f habitats ranging from well 

sorted soft muds through biogenically stable sediments to highly mobile coarse sands
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can exist within close proximity to each other. The sedimentary characteristics and 

the changing effects o f tidal flow on these habitats can vary on a small spatial scale 

potentially affecting the faunal assemblages present within an area. The present 

study aims to alter the physical features o f an estuarine mudflat area, to observe the 

effects on faunal assemblages, biological trait composition and porewater nutrient 

concentrations in the sediment to answer the questions:

1. Do different micro-habitats in intertidal mudflats contain significantly 

different faunal assemblages and, if they do, are the traits compositions o f the 

assemblages different?

2. If the traits present are different between the two assemblages does this affect 

the concentration o f nutrients in the porewater?

4.3 Method
_ «» o

On the Dee Estuary, at Tinkers Dell Steps (53 20' 16"N, 03 08' 31"W) (Fig. 2.1), 

patches o f poorly mixed shell debris and muddy sand, termed ‘crumble’, occur 

adjacent to areas o f firm, muddy sand. The ‘muddy sand’, had little surface relief, 

without obvious stones or shell debris consisting o f an average 50% sand (63- 

150pm), 40% silt (<63pm) content and little coarse material (~1% > 1000pm). In 

contrast the crumble sediment consisted 25% sand, 36% silt content with a larger 

percentage o f coarse material (-16%  > 1 0 0 0 pm) comprising stones (mostly encrusted 

with barnacles), shell debris (mostly mussel shells) and byssus threads from live 

mussels, creating a rough surface. The faunal assemblage o f the muddy sand was 

characterised by a large abundance o f small crustaceans (Corophium sp), spionid 

polychaetes and species which show a preference for sandy sediments over silty ones 

(i.e. Owenia fusiformis Delle Chiaje). The crumble fauna, in contrast, contained 

surface dwelling bivalves, their associated epifauna, a higher abundance o f 

oligochaetes and several opportunistic deposit feeding taxa (i.e. Capitella sp 

Fabricius). Organic matter content, determined by loss on ignition, for the two 

sediments average 1% for the muddy sand and 2% for the crumble. These two areas 

o f differing topography provided a ‘natural’ experimental site in which to compare 

the influence o f boundary layer topography on benthic assemblage composition and 

ecosystem functioning. Nutrient concentrations (mg L 1) were used as a proxy of 

nutrient regeneration in this study as it would be expected that concentrations of
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nutrients in the sediment would increase as regeneration increased. The investigation 

was carried out from 15th August 2006 until 15th November 2006.

In order to isolate the influence o f the physical environment on ecosystem 

functioning, the muddy sand surface was manipulated to mimic the crumble using 

PVC mesh nets in l x lm  plots. Five nets were produced comprised o f two layers o f 

mesh, a 50mm mesh bottom layer and a 20mm mesh top layer. The 20mm mesh was 

cut into 25x25cm panels and empty mussel shells were attached to this using an 

epoxy resin. Sixteen o f these panels (giving a mussel shell density 228 ± 338 m'2) 

were attached to the larger 50mm mesh using cable ties to create an imitation o f the 

crumble surface. Five l x l m  nets were also created in the same manner but without 

attached shells, to control for any netting effect. On each net nine holes were cut in 

the 50mm mesh, at the intersections o f the smaller mesh panels, to allow for 

subsequent porewater sampling. These were randomly allocated to one o f two 

groups o f four; group one was used on the 1st, 3rd and 5th sampling occasion and 

group two on the 2nd, 4th and 6 th, and leaving one hole spare for sediment sampling at 

the conclusion o f the study. On 15 th August 2006 fifteen plots were marked out and 

each was randomly assigned one o f the 3 treatments (5 shelled nets (treatment), 5 

blank nets (net control) and 5 sediment plots (control)). The nets were secured in 

place with 30cm plastic pegs at each comer.

Using the modified Porextractor (see Nayar et al. 2006 for operational details) 

described in Chapter 3, sampling o f sediment porewaters was conducted, with the 

shallowest depth attainable without surface water contamination being 3 cm. An in 

situ collection method via suction was considered the most appropriate for this study 

after conducting a review of available methods (see Chapter 3 and Table 3.2). 

Porewater sampling began on 29th August 2006, two weeks after initial set up, when 

samples from four depths (3, 5, 9 and 12 cm) were obtained for nutrient analysis. On 

each sampling occasion a Porextractor (one for each depth) was inserted into the 

sediment through one o f the pre-cut holes in the mesh. Sampling o f porewater was 

repeated on a fortnightly basis during the neap tide cycle and the samplers were 

deployed ~3h after high tide (when the site first became exposed).

The Porextractors were set according to the method described in Nayar et al. (2006), 

a vacuum was applied using a syringe and the membrane pierced using a plastic rod 

after which the device was left in the sediment for 1 hour to allow the flow o f
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porewater into the sampling chamber. Once this time had elapsed a plastic pipette 

was pushed through the membrane and water from the sampling chamber collected 

using a 20ml syringe. For each sample a minimum extraction o f 5ml o f water from 

the sediment was attempted, where more water was available the syringes were filled 

to capacity. The syringes were placed in cool-boxes and kept in the cold and dark 

for later filtration and analysis; samples were always returned to the laboratory and 

filtered within four hours o f collection.

Water samples were filtered using 25pm Millipore syringe filters and analysed using 

standard colorimetric methods for ammonium (N H /), combined nitrate/nitrite, 

silicate (Si) and phosphate ( P O 4 3 ) on a Bran+Lubbe AA3 continuous flow 

Autoanalyser. A minimum 1ml o f water (after filtration) was required for high range 

nutrient analysis by the Autoanalyser, and 5ml was required for low range analysis. 

For separate nitrate/nitrite analyses, twice this amount (i.e. 2ml or 10ml) was 

required as the Autoanalyser consisted o f a combined nitrate/nitrite channel and 

separate analyses would be required to obtain data for each. Samples for ammonium 

analysis were occasionally diluted 1 :2  as the levels detected were over-range for the 

colorimetric method utilised by the Autoanalyser (4mg L ' 1 maximum detectable 

limit).

Porewater collection was completed on 15th November 2006 and the nets were 

collected from the shore on 29th November 2006 when core samples for faunal 

analysis and sediment granulometry were also obtained.

Three sediment samples per plot were obtained from the area underneath the netting 

using a 0.01m2 diameter, 15cm depth corer for faunal analysis. The samples were 

returned to the laboratory where they were washed through a 0.5mm mesh sieve and 

fixed in 4% buffered formaldehyde solution. Fauna were extracted and enumerated 

by taxa, generally species although some problematic groups were not identified to 

species level.

The nets were placed in plastic bags on site and returned to the laboratory where 

accumulated surface sediment was washed off, collected, sieved and preserved using 

the same method as for the infauna samples. Any fauna that had attached to the 

netting were collected at this time and added to the overall surface net sample. After 

allowing the fauna to be fixed the samples were again washed through a series of
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sieves. Any fauna larger than 20mm (e.g. Cerastoderma edule) were retained for 

identification as this was the minimum mesh size o f the experimental nets. Those 

fauna recognized as surface dwellers (i.e. littorinids) or had been attached to the 

netting were also retained.

Sediment samples were collected on 29th November for particle size analysis (PSA) 

and Loss on Ignition (LOI) using a small (3cm i.d., 9cm length) core. The samples 

were frozen on return to the laboratory for later analysis. When thawed the samples 

were analysed according to the methods described in Chapter 2.

Data Analysis

Faunal data were collated and average abundance per experimental plot (core sample 

data and net surface data) calculated for final analysis thus avoiding pseudo- 

replication (Hurlbert 1984). Bray-Curtis Similarity was calculated, on square root 

transformed abundance data in the statistical package Primer (v6) (Clarke & Gorley 

2006). This reduces the influence o f the dominant taxa and allows variation in the 

rarer taxa to influence the pattern. Following examination o f the resultant cluster 

analysis, ANOSIM and SIMPER tests were also carried out (Clarke 1993).

Biological traits analysis (BTA) was carried out on the combined faunal data from 

the core and net surface samples using five biological traits that relate to processes 

affecting nutrient regeneration. Although the inclusion o f more traits would provide 

additional information on ecosystem functioning, (Bremner et al. 2006), the traits 

used were chosen as potential factors relating to nutrient regeneration effects o f the 

fauna. Three o f these represented behaviour (bioturbation type, feeding type and 

depth found in sediment), the remaining two represented life history (longevity and 

body size). The 5 traits were further sub-divided into several modalities to better 

represent the spread of variation for each, for example bioturbation was separated 

into biodiffuser, gallery-diffuser, regenerator, upward-conveyor, downward- 

conveyor and bio-irrigator (see Table 2.1). Fuzzy coding was used to score the taxa 

for each trait modality and analysis was carried out according to the methods 

described in Chapter 2.

The nutrient data collection followed a repeated measures design and was analysed 

using a Linear Mixed Model (LMM) in the statistical package SPSS (vl5). LMM 

were used as some data were missing, the data collected at different times were not
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independent o f each other and the Hyunh-Feldt assumption o f sphericity was 

unlikely to be met (Rowell & Walters 1976). Additionally, although data were 

collected every two weeks, the collection dates were not exactly 14 days apart due to 

tidal variations and therefore the temporal spacing was not equal; LMM can 

accommodate this in-equality (Wang & Goonewardene 2004). O f the 16 covariance 

structures available in LMM in SPSS (vl5.0) only the 7 appropriate to a repeated 

measures design were retained (see Wang & Goonewardene 2004 for further 

information). These covariance structures were examined for the best fit using the 

Bayesian Information Criteria (BIC) where smaller is better i.e. the covariance 

structure which returned the smallest BIC was used to analyse the data. Data for 

each nutrient at each depth were analysed separately using the covariance structure 

appropriate for it. Maximum Likelihood (ML) estimation was used to run the model 

as the analysis contained the fixed effects o f treatment which Restricted Maximum 

Likelihood (REML) estimation is unable to handle (Diggle 1988; Garson 2008).

As LMM does not carry out contrast analysis to separate out differences between 

individual treatments the data were coded to indicate the presence (+) and/or absence 

(-) o f shell and net. This method allowed any statistical differences between the 

treatments to be apparent and made the assumption that the combination o f  ‘Shell’ 

and ‘N et’ (i.e. Shelled Net treatment) did not alter any effects that ‘N et’ alone may 

have had.

4.4 Results

4.4.1. Environment

Comparison o f the sand fraction (<63pm < 150pm, arcsin transformed) from the 

experimental plots showed a significant difference between the three treatments 

(one-way ANOVA F = 16.26, D.F. = 2, p = 0.001), with both netted treatments 

differing from Controls. Overall there was a decrease in the proportion o f  sand 

present in the Shelled Net and Net Control treatments and an increase in the 

proportion o f larger sediment particles (Fig. 4.1), indicating an alteration towards a 

coarser overall sediment composition in both the netted treatments.
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Figure 4.1 - Sediment particle size analysis for each treatment showing the mean (±SE) percentage 

contribution of sediment to each size fraction.

One way ANOVA of the sand fraction from the crumble and muddy sand (long term 

monitoring data) showed no difference between the crumble and either netted 

treatment, indicating an alteration mimicking that of the crumble. Nor was any 

difference seen between the Control and muddy sand, indicating the Controls were 

good representations o f  the wider muddy habitat. Loss on Ignition (LOI) data was 

not significantly different between the three experimental treatments or in 

comparison with the LOI data from the long term monitoring.

4.4.2. Fauna

A total o f 29 taxa were identified from the experimental core samples. O f these, five 

were found only in Shelled Net treatments (Streblospio shrubsolii, Capitella sp, 

Manayunkia aestuarina, Pararíais littoralis and Elminius modestus) and  two were 

found only in Control treatments (Corophium arenarium Crawford and Arenicola 

marina). O f the taxa found in the Shelled Net, Capitella sp, M. aestuarina and P. 

littoralis are opportunistic, deposit-feeding annelids not previously recorded from 

the muddy sand sediment (see Chapter 2). However, all three taxa have previously
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been identified from crumble samples indicating a shift in the taxonomic 

composition o f the Shelled Net treatments towards that of the natural crumble over 

the 12 week study period.

Shannon-Weiner diversity indices (Table 4.2) were calculated from the core faunal 

data and were analysed using one-way ANOVA, followed by a post-hoc test to 

establish where any differences were. Species diversity was significantly lower in 

the netted treatments compared to the Controls (F = 4.77, D.F. = 2, p = 0.032). Pair

wise comparisons from ANOSIM analysis showed significant differences between 

the Control/Net Control and the Control/ Shelled Net treatments (R = 0.881, 0.548 

respectively, p = 0.008 for both) and nMDS ordination (Fig. 4.2), plotted from Bray- 

Curtis similarities, clearly shows a grouping o f the Net Control separate to the 

Control treatment group. The Shelled Net treatments are scattered over the plot, 

away from the Controls but around the Net Controls, with no significant difference 

observed between the two netted treatments.

Table 4.2 -  Shannon-Weiner species diversity indices calculated using the core sample data only for 

the replicates from each treatment.

____________ Treatment___________
Control Shelled Nets Net Control
1.843 1.414 1.541
1.743 1.308 1.297
1.656 1.017 1.316
1.533 0.411 1.222
1.844 1.594 -

Figure 4.2 - nMDS ordinations of faunal assemblages for the combined core sample and net surface 

sample fauna. (A) Control, (■) Net Control, ( Y) Shelled Net.
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The treatment effects on the eight taxa most common in muddy sand and crumble (as 

indicated by long term monitoring data) were further analysed using Kruskal-Wallis 

tests (Table 4.3). Four had significantly different abundances (Pygospio elegans, H 

= 9.11, D.F. = 2, p = 0.011; Eteone longa agg Fabricius, H = 9.54, D.F. = 2, p = 

0.008; Heterochaeta costata Claparède, H = 7.16, D.F. = 2, p = 0.028; Corophium 

volutator, H = 10.38, D.F. = 2, p = 0.008), examination o f Kruskal-Wallis ranks 

indicate differences observed were between the net treatments and the Controls in 

every case. The remaining four (Hydrobia ulvae, Macoma balthica, Hediste 

diversicolor and Nematoda) were not significantly different. Abundances o f  the 

polychaetes P. elegans and E. longa agg, and the amphipod C. volutator, were higher 

in the Control treatment compared to the two net treatments, whereas abundances o f 

the tubificid oligochaete H. costata were lower in the Control.

Table 4.3 - Kruskal-Wallis analysis from core sample data for the eight most abundant taxa as 

indicated from long term monitoring data.

Rank

Taxon Control Shelled Net Net Control H D.F. P-value
Nematoda 10.60 6.00 5.50 4.30 2 0.116
Tubiflcoides benedii 6.60 6.80 9.50 1.29 2 0.526
H ydrob ia  ulvae 5.3 9.6 7.6 2.65 2 0.248
M acom a balth ica 10.00 6.00 6.30 2.79 2 0.266
P yg o sp io  elegans 12.00 5.20 4.80 9.11 2 0.011
E teone longa  agg 12.00 4.20 6.00 9.54 2 0.008
H eteroch aeta  costa ta 4.30 11.20 6.90 7.16 2 0.028
C orophium  vo lu ta tor 12.00 6.20 3.50 10.38 2 0.006

SIMPER analysis showed that differences between the netted treatments and the 

Controls were attributable to six taxa (5% or greater contribution to dissimilarity), 

Pygospio elegans, Corophium volutator, Nematoda, Hydrobia ulvae, Collembola and 

Eteone longa agg. The cumulative percentage difference for these taxa was -60% , 

indicating that abundances o f  these six taxa were having a significant effect on the 

taxonomic differences observed between the treatments; with P. elegans making the 

greatest contribution (Table 4.4a-b).

From the net surface samples nine taxa were identified. The common mussel, 

Mytilus edulis, established small aggregations on all net surfaces although no 

significant difference between the Net Control and Shelled Net treatments was found 

for their abundance, or for the abundance o f the associated barnacle Elminius 

modestus. Overall abundance o f M. edulis (combined core sample and net surface)
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was significantly different between the netted treatments and Controls (Kruskal- 

Wallis, H = 11.33, D. F. = 2, p = 0.003), although no difference was observed for the 

core data alone. The gastropod Littorina littorea Linnaeus was also present in both 

netted treatments, although no significant difference in abundance was found. This 

species was not seen in the experimental cores but had been previously identified 

from the crumble samples.

Table 4.4 - SIMPER analysis showing faunal percentage contribution to average dissimilarity* 

between treatments from core sample data. ‘ Contro l & S helled  net = 40%  d issim ilarity ; Control &  N et Contro l = 

29%  d issim ilarity ; N et C ontro l &  Shelled  N et =  30%  dissim ilarity .

a) Control & Shelled Net 
Taxon Contrib%

P yg o sp io  elegans 14.49
Nematoda 13.66
Collembola 11.94
H yd ro b ia  ulvae 10.25
C orophium  vo lu ta tor 9.44
E teone longa #agg 5.29
Total 65.07

b) Control & Net 
Control

Taxon Contrib%
P yg o sp io  elegan s 21.55
C orophium  volu ta tor 14.7
N em atoda 12.01
H ydrob ia  ulvae 8.69
E teone longa  agg 6.1

Total 63.05

Overall, several opportunistic taxa common in the crumble appeared only in the 

Shelled Net treatments and the overall abundance o f oligochaete species in the netted 

treatments increased. There was a decline in the tube-dwelling polychaete Pygospio 

elegans in the netted treatments with an associated decline o f its predator, Eteone 

longa agg. There was a decline in abundance o f the amphipod genus Corophium, 

with C. volutator decreasing in number whilst C. arenarium disappeared altogether 

from the netted treatments. Small aggregations o f Mytilus edulis also appeared on 

the netted treatments increasing the overall surface area o f the sediment, and 

providing settlement areas for the barnacle Elminius modestus.

4.4.3. Biological Traits Analysis (BTA)

O f the 29 trait modalities used in the analysis two (‘upward-conveyor’ bioturbator 

modality and ‘15-25cm’ habitat depth) were not represented in the Net Control, one 

( ‘15-25cm’ habitat depth) was not present in the Shelled Net and one ( ‘grazer’ 

feeding modality) was not represented in the Control. Arenicola marina and 

Capitello sp. were the only two species to represent the two trait modalities lost from 

the Net Control. The lack o f A. marina in the Shelled Net treatment also explains the 

loss of the habitat depth modality ‘15-25cm’.
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The bioturbator trait modalities ‘None’, ‘gallery-diffuser’ and ‘regenerator’ were 

represented to a greater extent in both netted treatments than in the Control. The 

same was observed for the ‘opportunist/scavenger’ feeding modality, ‘surface’ and 

‘8-15cm’ habitat modalities, and the ‘3-5yrs’ longevity. The ‘deposit-feeder’, ‘< 

5mm’ body size modality and ‘l-2yrs’ longevity were more highly represented in the 

Shelled Net treatment compared to either Net Control or Control.

The nMDS ordination (Fig. 4.3) showed a similar pattern o f groupings to that seen in 

the faunal abundance ordination (Fig. 4.2). Control treatments formed a distinct 

group, with Net Control forming a second grouping and the Shelled Net treatment 

scattered over the ordination, whilst being closer to the Net Control than the Control 

treatments. The ordination was plotted using several transformations and no 

deviation from the pattern o f clustering was observed indicating the overall 

groupings were stable. ANOSIM carried out on the data showed a significant 

difference between the Control and both netted treatments (R = 2.92, p = 0.016 for 

Shelled Net; R = 0.356, p = 0.048 for Net Control) and no significant difference 

between the netted treatments.

Figure 4.3 -  nMDS ordination of the biological trait distribution for the combined core and net surface 

samples faunal data. (A) Control, (■) Net Control, ( ▼) Shelled Net.

Similarity o f percentages (SIMPER) analysis showed differences between the 

treatments were attributable to 10 o f the trait modalities (5% or greater contribution 

to dissimilarity) (Table 4.5). O f these, five were common to all comparisons 

(deposit-feeder, surface dwellers, ‘none’ for bioturbation, l-2yr longevity and <5mm
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body size), three were observed in a single comparison (downward conveyor 

bioturbation modality, 10-20mm body size and < ly r longevity in the Control/Net 

Control comparison) and two were observed in 2 o f the 3 comparisons (0-3cm depth 

in the comparison o f Control with both net treatments; biodiffuser in the comparison 

of Shelled Net to both Control and Net Control treatments).

Table 4.5 - SIMPER analysis showing biological trait percentage contribution to average 

dissimilarity* between treatments. Fauna data from core samples and net surface samples were 

combined for use in this comparison. »Control & Shelled  N et = 34%  d issim ilarity ; C ontro l &  N et Contro l = 25%  

d issim ilarity ; N et C ontro l & Shelled N e t = 27%  dissim ilarity .

a) Control & Shelled Net b) Control & Net Control
Trait Contrib% Trait Contrib%

Deposit feeder 12.23 0-3 cm 10.61
Surface 11.59 l-2yrs 9.83
None 11.56 Surface 9.62
l-2yrs 11.37 None 9.6
<5 mm 7.96 Deposit feeder 8.97
0-3cm 7.08 10 <> 20mm 6.58
Biodiffiiser 5.94 <5mm 6.28
Total 67.73 Downward-Conveyor 5.83

<1 yr ~5
Total 72.32

Control and Shelled Net comparison

Seven trait modalities contributed 5% or greater to the dissimilarity between Shelled 

Net and Control treatments (Table 4.5) with Deposit feeding (DF) being common to 

many o f the taxa identified; therefore a degree o f redundancy could be expected. 

The abundance o f DF taxa in the Shelled Net decreased overall compared to the 

control indicating a decrease in this trait modality.

The same was true o f the <5mm body size and shallow depth (0-3cm) habit 

modalities; abundance o f the taxa exhibiting these traits (both Corophium species, P. 

elegans, Capitella sp, M. aestuarina, P. littoralis and S. shrubsolii) was greater in the 

Control treatment than the Shelled Net. The change in surface dwelling and ‘None’ 

for bioturbation can be attributed to the increased abundance o f Mytilus edulis and 

Carcinus maenas juv. Linnaeus in the Shelled Net treatments along with the 

appearance o f Littorina littorea, Elminius modestus and Paranais littoralis. A lower 

abundance o f Biodiffuser (BD) taxa (C. arenarium, C. volutator, P. elegans, Eteone
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longa agg) present in the Shelled Net treatment compared to the Control indicates an 

overall decrease in this bioturbation trait modality.

Control and Net Control Comparison

Nine trait modalities contributed 5% or more o f the dissimilarity between Net 

Control and Control treatments, six o f which (Deposit feeders, 0-3cm depth habit, 

Surface dwellers, l-2yrs longevity, no bioturbation and <5 mm body size) were the 

same as found in the Shelled Net and Control comparison. Deposit feeders 

decreased in abundance in the Net Control and no additional species (i.e. Paranais 

littoralis, Streblospio shrubsolii) were present to add to their overall abundance, 

indicating a lack o f redundancy for this trait in the Net Control treatment. The trait 

modalities surface dweller, ‘none’ for bioturbation and <5mm body size showed the 

same pattern o f change as in the Shelled Net comparison and were attributable to the 

same taxa.

Three other trait modalities (bioturbation modality downward-conveyor, < ly r 

longevity and 10-20 mm body size) contributed 5% or more to the dissimilarity 

between the Net Control and Control treatments. The only taxa exhibiting the 

downward-conveyor trait in the two treatments was Pygospio elegans, which 

decreased in abundance in the Net Control compared to the Control. This decrease in 

the downward-conveyor modality is solely attributable to this species, indicating a 

lack o f redundancy with respect to this trait modality.

Four taxa exhibit the < lyr longevity (Tubificoides benedii, Heterochaeta costata, 

Corophium volutator and C. arenarium). There was an overall decrease in this trait 

modality from Control to Net Control treatments attributable to the lower Corophium 

abundance observed in the Net Control. T. benedii abundance was similar between 

the two treatments; therefore the representation o f this trait modality by this species 

would have remained similar. The increase in H  costata was not as great as the 

decrease in Corophium and may not have compensated for this loss with regards to 

this trait modality. The 10-20mm body size was attributable to several taxa common 

in both Control and Net Control treatments and there was an overall decrease in the 

combined abundance o f those taxa, thus a decrease in this trait modality.

Overall there were more surface dwelling, none bioturbating and medium life span 

(l-2yrs) taxa in the Net Control and Shelled Net treatments, and fewer deposit
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feeding, biodiffuser, shallow depth habit (0-3 cm), short-lived (<lyr) and small 

(<5mm) taxa than in the Control treatments.

4.4.4. Nutrients

Nutrient levels (mg L '1) over time were plotted for each depth separately (Fig. 4.4). 

Missing data points are due to a lack o f water being collected in the porewater device 

thus no sample being available or anomalous data being returned from the analysis 

i.e. a negative value. Combined nitrate/nitrite concentations were below the 

detection limit o f the Autoanalyser whenever sufficient water could be collected and 

so are not considered further.

An initial increase in silicate and ammonium levels was observed at the 9cm and 

12cm depths (also 5cm for ammonium) and a decrease was noted starting at the 4th 

sampling time. Levels o f ammonium in both netted treatments were generally 

greater than in Controls at 3cm & 5cm depths. At 9cm and 12cm depth the 

ammonium levels were highly variable over time and differences between the 

treatments were not obvious. Phosphate levels over time were more variable but 

slight increases are seen in the 3cm, 9cm and 12cm depth charts (Fig. 4.4 i, k, 1) for 

Controls. Both Shelled Net and Net Control phosphate levels at 12 cm decreased 

over time. Phosphate levels were generally lower in Net Control compared to 

Control at 5cm depth (0.2-0.7mg L 1) and at 12cm depth phosphate levels in both 

netted treatments were lower than in the Controls (~ lmg L 1). Silicate levels were 

generally lower in the netted treatments at 3cm and 5cm depths by 4-10mg L"1 

compared to the Control and a steady decrease in silicate levels over time was 

observed at 9cm and 12cm depths.

Linear mixed model (LMM) analysis o f  the nutrient data was carried out for each 

depth separately over time using the appropriate covariance structure (Table 4.6a-d); 

Auto-regressive-1 (AR1) was used for all analyses apart from 12cm Silicate 

(Toeplitz) and 12cm Phosphate (AR1-heterogeneous). At 3cm depth Time was the 

only significant factor for both ammonium and silicate and no significant difference 

was found for phosphate. ‘Net’ was a significant factor for all three nutrients at 5cm 

depth, as was Time for silicate and phosphate. Also, the interaction o f ‘Shell*Time’ 

was significant for phosphate at this depth. At 9cm depth only ammonium was 

significantly different (factor ‘Time’ and ‘Net*Time’). At 12cm depth the 

interaction ‘Net*Time’ was significant for all three nutrients and Time was
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significant on its own for silicate. Overall there was a treatment effect for all 

nutrients at 5cm depth, and Net*Time was significant for all nutrients at 12cm depth. 

Effects observed at other depths were mostly due to variation over time.
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Table 4.6a-d -  Linear mixed model analysis results of nutrient levels (mg L'1) per depth for each 

nutrient analysed from the porewater samples. N um . D F  =  N um erato r degrees o f  freedom ; D enom . D F = 

D enom inato r degrees o f  freedom .

4. Altering intertidal sediment topography_________________________________________________________________________________________________________________________

a) 3cm  D epth A m m onium Phosphate Silicate

N um . D enom D enom . Denom .
D F DF F P D F F P D F F P

Shell 1 37.15 1.594 0.215 23.71 0.001 0.981 20.47 0.217 0.646

N et 1 31.03 0.206 0.653 20.61 0.001 0.972 18.32 1.515 0.234

T im e 5 36.13 3.097 0.020 31.68 1.142 0.359 31.95 3.538 0.012
S h e l lT im e 5 28.71 2.439 0.070 32.60 1.666 0.182 30.87 0.756 0.562

N et*T im e 5 22.83 0.375 0.824 29.43 1.101 0.375 31.16 1.926 0.131

b) 5 cm  D epth A m m onium Phosphate Silicate

N um . D enom Denom . D enom .
DF D F F P DF F P D F F P

Shell 1 26.68 0 .000 0.988 23.43 2.571 0.122 37.55 3.224 0.081

N et 1 23.55 5.875 0.023 22.69 4 .646 0.042 34.36 11.099 0.002
T im e 5 55.16 1.209 0.317 43.17 3.687 0.007 55.01 3.038 0.017
S h e l lT im e 5 51.15 1.317 0.272 43.51 3.569 0.009 54.28 1.998 0.094

N e tT im e 5 49.19 0.795 0.559 44.93 0.773 0.574 56.26 1.077 0.383

c) 9cm  Depth A m m onium Phosphate Silicate

Num . D enom Denom . D enom .
DF DF F P DF F P DF F P

Shell 1 23.32 2.176 0.154 20.45 0 .740 0.789 27.80 1.394 0.248

N et 1 23.30 0 .824 0.373 21.38 0.498 0.488 26.84 2.087 0 .160

T im e 5 51.01 5.151 0.001 45.41 0.836 0.531 46 .90 2.213 0 .069

Shell T im e 5 55.91 1.777 0.133 47.48 0.238 0.944 54.86 0.117 0.988

N e tT im e 5 55.62 2.706 0.029 49.58 0.692 0.632 54.27 0.878 0.502

d) 12cm  D epth A m m onium Phosphate Silicate

N um . Denom Denom. D enom .
DF DF F P D F F P D F F P

Shell 1 26.54 1.703 0.203 23.90 2.372 0.137 13.37 0.775 0.394

N et 1 23.24 3.205 0.086 20.37 0.680 0.419 12.79 2 .569 0.133

T im e 5 53.79 2.073 0.083 28.03 2.496 0.054 34.02 24.957 <0.001
S hell T im e 5 52.76 1.469 0.216 27.60 0.999 0.436 35.01 0.804 0.555

N e tT im e 5 49.48 3.170 0.015 25.24 4.485 0.005 34.16 24 .020 <0.001

4.5 Discussion
This study set out to examine the extent to which the biotic changes that accompany 

habitat change affect ecosystem functioning. Changes to the topography were 

expected to alter the overlying water flow dynamics and affect upwelling o f nutrient 

rich porewaters from deep sediment layers, causing an increase in nutrient 

concentrations in the near surface sediments. (Booij et al. 1991; Huettel & Gust 

1992; Vitousek & Hooper 1993; D'Andrea et al. 2002) Further alterations to the
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habitat caused by accretion o f sediment and deposition o f detrital material were also 

expected, affecting nutrient concentrations and faunal composition (e.g. McLachlan 

1996; Rossi & Underwood 2002; Bishop & Kelaher 2007). Although significant 

changes to the species diversity and abundance were observed there were no 

significant alterations to nutrient concentrations in either the near surface or deeper 

(>9cm) sediments sampled. The net treatments caused a significant change in the 

faunal composition and nutrient concentrations at 5 cm depth compared to the Control 

and both treatments showed an increased accretion o f sediment (pers. obs.), further 

altering the habitat by raising the sediment surface above that o f the surrounding area 

and by altering the particle grain size composition. This indicates that the influence 

o f the netting on faunal composition was similar regardless o f additional “roughness” 

due to the mussel shell debris and it may therefore be the subsequent alteration in 

species composition that influenced observed nutrient concentrations rather than the 

altered topography.

The observed biotic shift in the faunal composition reduced the abundance o f 

individuals that actively irrigated burrows (Corophium volutator and C. arenarium) 

and species inhabiting permanent, or semi-permanent, tubes within the sediment 

(Pygospio elegans). The lower abundances o f these bioturbators would have reduced 

the surface area available for solute exchange (Kristensen 2000; Pearson 2001; 

Volkenbom et al. 2007) and had an effect on microbial community composition in 

the near surface sediments which had utilised the burrows and tubes as oxygenated 

habitats (Marinelli et al. 2002; Mermillod-Blondin et al. 2004). As such, an increase 

in nutrient levels in the near surface sediments may have been expected as less 

oxidation o f reduced substances from deeper layers was carried out. This was not the 

case, suggesting that (i) the nutrients were either utilised by microbial and micro- 

phytobenthos communities, (ii) some redundancy with regards to the traits 

represented by these three species was present in the system.

The burrowing and movement o f benthic macrofauna can impact on the sediment 

structure by causing compaction o f sediment grains and increasing rigidity o f the 

sediment layers via tube construction (Jones & Jago 1993; Mermillod-Blondin & 

Rosenberg 2006; Guillen et al. 2008). The oligochaetes present in the study area 

increased in abundance in the manipulated sediment moving nutrient rich yet oxygen
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poor material towards the surface resulting in lower levels o f nutrients than would 

have been observed if oxygen had not been available.

The altered species composition in the net treatment was accompanied by a shift in 

the range of biological traits exhibited by the fauna. This provides further, indirect, 

evidence o f a change in ecological functioning being mediated by the biotic 

response. Alterations in the bioturbatory modes exhibited in the different treatments 

may have been enhanced by changes in the horizontal water flow and contributed to 

differences in the transport o f oxygen, nutrients and particles from the sediment- 

water interface to areas below the redox zone (Biles et al. 2003). The combination o f 

a shift in the depth at which the majority o f  burrowing fauna were residing and the 

changes to bioturbation, alongside the potential alterations to the sediment caused by 

the biotic shift, may have accounted for the significant differences observed in 

nutrient levels at 5 cm depth.

The analysis o f  the traits did not show a simple relationship with the altered nutrient 

dynamics. This suggests that whilst BTA may offer a means o f 

predicting/quantifj ng ecological functioning (Usseglio-Polatera et al. 2000; 

Bremner et al. 2003) it relies on the selection o f traits used. Bremner et al (2006) 

have shown that the number o f traits used can alter the ability of the analysis to 

describe the relationships between assemblages. They concluded that the greater the 

number o f  traits utilised in an analysis the clearer any relationships between the traits 

and faunal assemblages would appear. Although the traits chosen in this study 

(bioturbatory mode, feeding mode, habitat depth, body size and longevity) were 

those considered to have an influence on nutrient regeneration it may have been the 

case that more traits would have provided a clearer picture. However, the time 

constraints inherent with collecting trait based data for any species assemblage force 

a compromise, causing those traits considered to be o f importance to the ecosystem 

function o f interest to be favoured over those that are not (Bremner et al. 2006).

The influence o f functional diversity and composition on productivity and resource 

use has been well documented in terrestrial ecosystems (Hooper & Vitousek 1997; 

Tilman et al. 1997), concluding that alterations to functional group composition can 

have greater effects on ecosystem functions than functional diversity (Hooper & 

Vitousek 1997). Also, changes to habitats via disturbance, species invasions or 

nutrient enrichment affect ecosystem functions (Tilman et al. 1997) and the loss or
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addition o f various traits can have varying impacts on different ecosystem functions 

(Naeem et al. 1994; Tilman et al. 1997; Heemsbergen et al. 2004; Hooper et al. 

2005; Rossi et al. 2008). The alteration o f the topography in this study did cause a 

significant change to the faunal diversity and the biological traits represented. In 

particular, the 5cm data indicated that the microbial and geochemical environment 

had been altered. However the relationship o f the traits to alterations in nutrient 

regeneration was less clear.
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5.1 Introduction

In marine environments primary production is often considered to be limited by 

nutrient availability (e.g. see KraufVelin et al. 2002; Morris & Keough 2003; Roberts 

et al. 2006), causing bottom-up control o f faunal assemblages through food 

limitation for grazers (Posey et al. 1999; Morris & Keough 2003). The effects of 

nutrient enrichment in coastal environments has been a concern for many years (e.g. 

see Perkins & Abbott 1972; Hull 1987; Raffaelli et al. 1998; Meyer-Reil & Koster 

2000; Keats et al. 2004) and research into the impacts o f elevated nutrient 

concentrations has been driven by the increase in coastal development (e.g. see 

Dauer & Conner 1980), freshwater and agricultural runoff (e.g. see Pearson 1980; 

Birch 1982; Roper et al. 1988; Raffaelli et al. 1989) and impacts o f sewage outfalls 

(e.g. see Otte 1979; Dauer & Conner 1980; Montgomery & Soulsby 1981; Stutes et 

al. 2006; O'Brien et al. 2009). Although there are many documented effects of 

nutrient enrichment on marine fauna, the patterns o f response have been highly 

variable between species, habitats and studies (Nilsson & Rosenberg 1994; Posey et 

al. 1999; Eriksson et al. 2006; Littler et al. 2006; Chiu et al. 2008). However, the 

changes that have been observed have raised concerns about the impact o f nutrient 

enrichment on species diversity, habitat stability and ecosystem functioning (Diaz & 

Rosenberg 1995; Keats et al. 2004; Eriksson et al. 2006; Chiu et al. 2008; O'Brien et 

al. 2009).

On rocky shores and coral reefs increased growth o f algae, caused by nutrient 

enrichment, can lead to shading effects and decreased primary production from 

microalgae and diatoms (Kraufvelin et al. 2006; KraufVelin 2007). The health o f 

tropical corals (Bruno et al. 2003; Littler et al. 2006), settlement and development of 

the larvae o f various species (Renaud et al. 1999; Chiu et al. 2008; Minchinton & 

McKenzie 2008) and changes in the species assemblages o f diatoms, bacteria and 

macro fauna (Rossi & Lardicci 2002; Chiu et al. 2008) are also affected indirectly by 

nutrient enrichment. In intertidal soft sediment habitats, in addition to these effects, 

the increased growth o f macroalgae on the sediment surface can lead to lower 

oxygen levels (causing hypoxia/anoxia), raised sulphide concentrations and cause a 

shallower redox layer (Posey et al. 1999; Raffaelli 2000; Morris & Keough 2003, 

2003; O'Brien et al. 2009). The effects o f  nutrient enrichment may be influenced by 

a number o f biotic and abiotic factors which may be contributing to the observed 

differences in faunal response (O'Brien et al. 2009). Variations in wave and tidal
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action (Kraufvelin 2007; O'Brien et al. 2009), the physical properties o f the 

sediment, exposure time in intertidal areas, light availability, predation effects and 

the burrowing activities o f the fauna all affect responses o f the benthic fauna (Posey 

et al. 1999; Morris & Keough 2003, 2003; KraufVelin 2007; O'Brien et al. 2009). 

The emerging pattern from studies o f both tropical and temperate ecosystems is that 

species diversity is altered by nutrient enrichment, but the effects are highly variable 

being system and species specific (O'Brien et al. 2009).

Increased growth of mats o f filamentous green algae (often Ulva spp.) has often been 

observed as a result o f anthropogenically increased nutrient concentrations i.e. 

sewage outfalls (Perkins & Abbott 1972; Soulsby et al. 1982; Hull 1987; Cummins 

et al. 2004). In similar studies, both Hull (1987) and Everett (1994) found that the 

abundance o f small, deposit feeding fauna (in particular Capitella spp) increased in 

the presence o f macroalgal mats, and that the occurrence o f tubiculous and large, 

sedentary species (e.g. bivalves) declined. This was attributed to lowered oxygen 

concentrations in the interstitial water (Everett 1994) and the build up o f toxic levels 

o f ammonium which could cause sub-lethal effects on the cockle Cerastoderma 

edule (Hull 1987). A decline in bivalve abundance has also been observed by 

Perkins and Abbott (1972) and was attributed to the macroalgal mats raising 

concentrations o f H2S (causing a shallower redox layer) which prompted both 

Cerastoderma edule and Macoma balthica to move out onto the surface o f the 

sediment away from the anaerobic environment, potentially increasing their exposure 

to predation (Montagna & Ritter 2006). Bolam et al. (2000), when observing the 

effects of macroalgal growth on the fauna o f an intertidal sand flat, found that the 

presence o f Enteromorpha prolifera Müller mats caused a greater diversity o f  faunal 

species after six weeks, but lowered the diversity after 20 weeks, when the algae had 

started to decay. Greater abundances o f opportunistic fauna (e.g. capitellid 

polychaetes) and gammaridean amphipods were observed at the end of the study, but 

abundance of the spionid polycheate Pygospio elegans had declined significantly.

In soft sediment habitats an increase in microalgae growth has also been observed 

after nutrient enrichment in both sandy and muddy substrates (Posey et al. 1999; 

Rossi & Underwood 2002; Eriksson et al. 2006; Bucolo et al. 2008). However, the 

response o f the fauna in nutrient enriched treatments has ranged from no effect on 

the benthic assemblage (Posey et al. 1999; Morris & Keough 2003) to greater

104



5 . Nutrient enrichment effects on faunal assemblages and functional trait composition

abundances o f  chironomids, oligochaetes and capitellid polychaetes, and lower 

abundances o f  spionid polychaetes and large bivalve species (Morris & Keough 

2003; Keats et al. 2004).

Several studies have examined the combined effects o f nutrient enrichment and 

either predator exclusion or limitations to available light in soft sediments (Posey et 

al. 1999; Morris & Keough 2003; Eriksson et al. 2006; Posey et al. 2006; Roberts et 

al. 2006; Stutes et al. 2006). In two separate studies in North Carolina, Posey et al. 

(1999, 2006) excluded predators from six intertidal flats comprised of fine sands 

whilst raising nutrient concentrations o f the sediment using artificial fertiliser. Two 

o f the six study sites showed increased microalgal growth in nutrient enriched 

treatments (Posey et al. 1999), the same two also showed greater abundance o f 

benthic microalgae in predator exclusion treatments. In a second study, only one site 

(White Oak) responded to nutrient additions with an increase in benthic microalgal 

growth observed, and one site (Cape Fear) showed a response to predator exclusion 

with increased abundances o f two polycheate and one macroalgal species (Posey et 

al. 2006). Stutes et al. (2006) found that nutrient enrichment had less o f an impact 

on benthic microalgal growth than light limitation in an already nutrient rich sand flat 

in Australia. Those treatments which combined light deprivation and nutrient 

enrichment also showed no significant increase in microalgal growth, leading to the 

conclusion that light levels did not reach a critical point for photosynthesis to occur 

and that the effect o f nutrient addition was negligible due to the high availability 

already present.

Concerns have also been raised over the impact o f these changes on ecosystem 

functioning (Keats et al. 2004; Chiu et al. 2008; O'Brien et al. 2009) but few studies 

(Posey et al. 1999; Osterling & Pihl 2001) have assessed any changes in the 

functional trait composition as a direct measure o f this impact. In their study o f 

predator exclusion and nutrient enrichment on a North Carolina intertidal flat, Posey 

et al. (1999) assigned functional traits, both feeding (e.g. deposit feeder, grazer) and 

living position (e.g. surface, tube dwelling), to each of the fauna they identified. 

They found that grazers were more abundant in the nutrient addition plots, as were 

deep burrowing fauna. This contrasts with other nutrient addition studies which have 

observed increased abundances o f deposit feeders and opportunistic species such as

105



5 . Nutrient enrichment effects on faunal assemblages andfunctional trait composition

oligochaetes and capitellids (Rossi & Underwood 2002; Morris & Keough 2003) and 

decreased abundance o f grazers (Keats et al. 2004).

The effects o f oxygen limitation under macroalgal mats has also been investigated 

(e.g. see Gamenick et al. 1996; Raffaelli et a l  1998) finding that only those species 

with a high tolerance to sulphides and low oxygen conditions were able to survive 

(Llanso 1992; Gamenick et al. 1996). However, the effects o f an anoxia causing 

event in the presence o f elevated nutrients, without limiting light availability, have 

not been studied. The effects o f nutrient enrichment on ecosystem functioning has 

been limited to measuring benthic respiration or primary production (e.g. see Posey 

et al. 1999; Stutes et al. 2006) whilst the alteration in the distribution o f functional 

biological traits represented by the fauna has been limited to feeding groups and 

dwelling preference in the sediment (e.g. see Posey et al. 1999; Osterling & Pihl

2001). In this study two variables, oxygen availability and nutrient concentrations, 

were manipulated in order to observe the response o f the faunal assemblage, 

including the biological traits o f the faunal assemblage, to document any changes 

that might contribute to alterations in ecosystem functioning.

5.2 Method
This investigation aimed to assess the effect o f nutrient enrichment on the faunal 

assemblage o f the intertidal muddy sand area at Tinker’s Dell Steps in the Dee 

Estuary (see Chapter 2). At this site populations of phytobenthos were clearly visible 

at low tide and the faunal assemblage o f this area consisted o f several species feeding 

on the microphytobenthos (e.g. Hydrobia ulvae, Macoma balthica). Nutrient 

concentrations in the sediment (collected in Summer/Autumn 2006) ranged from 

2.07±0.52 to 4.91±1.97 mg L '1 for ammonium, 0.36±0.11 to 1.36±0.66 mg L '1 for 

phosphate and 10.89±3.1 to 22.32±6.65 mg L 1 for silicate.

Four treatments were considered in this study 1) un-manipulated Control; 2) nutrient 

enriched; 3) oxygen deprived and 4) nutrient enrichment combined with oxygen 

deprivation. Sixty lm 2 plots, 2m apart in a block 10 x 6 and were marked out at 

MTL between on the muddy sand area and were randomly assigned to one of the 

four treatments. Oxygen deprivation was achieved by securing lm 2 sheets of 

transparent heavy duty plastic to the relevant plots. Nutrients were added to the 

manipulated plots using slow release artificial fertiliser tablets (Miracle Gro, 5g, 2cm 

diameter cone) that contained a 10:11:18 N:P:K ratio. This type o f fertiliser is
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recommended for use in nutrient enrichment studies as the gradual release allows for 

long-term control o f enrichment levels and it has been found that the relative 

enrichment levels are generally independent o f background nutrient fluctuations 

(Worm et al. 2000). As adding the fertiliser evenly throughout the sediment would 

cause a change in the sediment grain size (Morris & Keough 2003), and thus 

potentially affect porosity and porewater movement, a point source approach was 

used for fertiliser addition. Using the dosage recommended per 30cm diameter plant 

pot in the fertiliser guidelines, the dosage per m 2 was calculated and 56 tablets in 

total were added to each experimental plot in 5 clusters -  one cluster o f 11 tablets in 

each comer and a fifth o f 12 tablets in the centre o f each plot. The tablets were 

pushed into the sediment so that the top was 1cm below the surface. Additionally, 

placing the fertiliser tablets in this manner meant areas o f sediment with no tablets 

present were available for both porewater and faunal sampling, reducing the risk o f  

tablets being accidentally removed during the sampling process or o f porewater 

being collected from the centre o f a tablet.

All plots were set up on 5th August 2007 and sampling commenced on the 6th August 

2007; subsequent sampling was carried out on 9th and 20th August 2007 and 

fortnightly thereafter until the final sampling date o f 15th November 2007. As faunal 

sampling was a destructive process, and intervals between sampling times would not 

have allowed for complete recovery o f the sediment, fifteen replicate plots per 

treatment were used. These were randomly assigned to one o f three groups o f five 

replicates and one group was sampled for both porewater and fauna on each 

sampling occasion. This approach allowed a minimum o f four weeks recovery time 

for each group o f replicates before being sampled a second time.

Three sediment samples were obtained from each plot for faunal analysis using a 

0.01m* corer. The samples were returned to the laboratory where they were washed 

through a 0.5mm mesh sieve and fixed in 4% buffered formaldehyde solution. Fauna 

were extracted and enumerated by taxa, generally species although some problematic 

groups were not identified to species level.

Porewater sampling was carried out by drawing water into a 20ml syringe using a 

pipette type probe (see Chapter 3) from 3, 5, 7 and 9cm depths. Using this method 

allowed all o f  the plots to be sampled within a safe time, reduced the amount o f 

equipment required to be carried to the study site and was less disturbing to the

107



5 . Nutrient enrichment effects on faunal assemblages andfunctional trait composition

sediment. Additionally, due to the small diameter o f the pipette type probes used 

there was less chance o f the fertiliser tablets being disturbed during the sampling 

process. Samples were immediately placed in the dark on ice in cool-boxes and 

returned to the laboratory within 4h o f collection. Although silicate had not been 

added to the sediment for this study it is an important nutrient used in 

microphytobenthos growth. As such porewater concentrations o f Si were also 

monitored in this study. Porewater samples were filtered using 25pm Millipore 

syringe filters and analysed using standard colorimetric methods for ammonium 

(NH4+), combined nitrate/nitrite, silicate (Si) and phosphate (PO43 ) on a Bran+Lubbe 

AA3 continuous flow Autoanalyser within 24h of collection following the protocol 

described in Chapter 4.

Data analysis

Due to the heavy duty plastic being disturbed by tidal/wave action the available 

replicates for both o f the oxygen deprivation treatments were reduced on the first two 

sampling occasions (6th and 9th August 2007). By the third sampling occasion (20th 

August 2007) the majority o f oxygen deprived plots had been compromised and were 

no longer useable for this study. As such this component o f the investigation was 

abandoned and the effects o f nutrient enrichment alone continued to be investigated.

Due to the compromised design faunal samples from only three o f the time points 

(20th August, 1st October and 15th November), comprising a single group of 

replicates, were processed. The data were collated and average abundance per 

experimental plot calculated, thus avoiding pseudo-replication (Hurlbert 1984), and 

analysed using Bray-Curtis similarity calculations in the statistical package Primer 

(v6) using the method described in Chapter 4. Shannon-Weiner diversity indices 

were calculated and analysed using Linear Mixed Model (LMM) methods (see 

Chapter 4) to observe changes in diversity over time between the two treatments. 

Faunal data were ranked according to abundance (highest to lowest) for each 

treatment at each time point, and the five most abundant taxa from each ranking were 

analysed further. In total seven individual taxa were identified from the rankings and 

were analysed using LMM methods to observe differences between the two 

treatments over time. Biological traits analysis (BTA) was also performed on the 

faunal data following the methods described in Chapter 4.
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The nutrient data collected followed a repeated measures design and was analysed 

using LMM methods in SPSS v l6  (see Chapter 4). Each group o f five replicates was 

analysed separately for each depth that porewater was collected from.

5.3 Results

5.3.1. Nutrients

Average nutrient levels per treatment over time were plotted for each depth 

separately (Fig. 5.1), any anomalous data, i.e. negative values, were not included in 

the final analysis and were treated as missing. Combined nitrate/nitrite was always 

below the detection limit o f the Autoanalyser and as such is not considered further. 

Concentrations o f nutrients in Control treatments at the first sampling time (T l) 

ranged from 4.69±2.10 to 8.56±4.26 mg L '1 for ammonium, 0.37±0.17 to 4.45±3.71 

mg L '1 for phosphate and 15.44±6.90 to 31.05±11.15 mg L '1 for silicate. 

Ammonium concentrations in the Nutrient Enriched (NE) treatment at T l ranged 

from 4.89±0.78 to 6.23±1.92 mg L '1, phosphate from 0.76±0.59 mg L '1 to 1.43±0.98 

and silicate from 20.04±8.95 to 25.48±7.53 mg L '1.

It was necessary in this study to group the replicate treatments into three sets which 

were then analysed individually with the assumption that abiotic factors and the 

random placing o f plots would have the same effects across the treatments and 

groups. The first group o f replicate treatments (T l, 4, 7) comprised data collected 

from the first, fourth and seventh sampling times (6th August - T l, 3rd September -  

T4 and 15th October 2007 -  T7). The second group o f data (T2, T5, T8) was 

collected on 9th August 2007 with a 6 week gap between the both the 2nd and 5th (17th 

September 2007) sampling times and the 5th and 8th (30th October 2007). For the 

final group (T3, T6, T9) samples were collected on 20th August 2007 with a 6 week 

gap between the subsequent sampling times (T6 -  1st October 2007; T9 -  15th 

November 2007).
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LMM results (Table 5.1) showed a significant difference for silicate between 

treatments at 3cm depth within the first group o f replicates (T l, 4, 7), and at 5cm 

depth when comparing the third group o f replicates (T3, 6, 9). Time was a 

significant factor at 3cm for the first group o f replicates (T l, 4, 7) and at 3, 5, and 

7cm when for the second group of replicates (T2, 5, 8). The third group o f replicates 

(T3, 6, 9) showed significant differences between times at 7cm depth, and there was 

also significant interaction o f treatment x time at 3, 5 and 9cm for silicate within this 

group. Neither phosphate nor ammonium analyses returned significant treatment 

results at any depth for any group. However, time was a significant factor for both o f 

these nutrients within the second group of replicates (T2, 5, 8) and for ammonium 

when the first group o f replicates (T l, 4, 7) were analysed. A significant interaction 

o f treatment x time was also observed for phosphate in the third group of replicates 

(T3, 6, 9) but no interaction was observed for ammonium in any o f the groups.

Table 5.1 -  Nutrient data for those times and depths a significant result was returned using LMM. 

Num. DF = Numerator degrees of freedom; Denom. DF = denominator degrees of freedom.

Sam pling
T im es

N um .
DF

Depth
(cm )

P

D enom .
DF

losphate

F P
Denom .

DF

Silicate

F P

A

Denom .
DF

m m oniun

F

1

P

c T l ,  4 , 7 1 3 - - - 7.9 11.8 0 .009 - - -

i
o T3, 6 ,9 1 5 - - . 11.25 5.646 0 .036 - - -

H

T l ,  4 , 7 2 3 - - - 11.23 4.811 0.031 11.76 27.44 <0.001

2 3 10.79 8.932 0.005 28.41 5.246 0.033 - - -

6 T 2 , 5, 8 2 5 _ _ _ 7.33 5.772 0.031 10.11 6.114 0.018
f—<

2 7 10.91 4.081 0.047 - - -

T 3 ,6 ,9 2 7 - - - 14.37 4.095 0.039 - - -

x 2 3 - - - 13.19 3.843 0.049 - - -

5  a 2 5 _ _ _ 14.31 7.128 0.007 _ _

J3 6 T 3,6 ,9
co Ha> 2 9 12.84 5.899 0.015 17.73 17.43 <0.001 _ _ .

f—

Silicate levels were higher in the nutrient enriched (NE) treatment towards the end o f 

the study at the depths and within the groups where a significant difference for 

treatment was indicated (Fig. 5.1). The artificial fertiliser used in this study 

contained both phosphate and ammonium, it was therefore expected that the 

concentrations o f these nutrients in the porewater would be higher in the manipulated
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plots compared to the Controls. Although there was an observed increase in 

ammonium at 9cm depth (Fig 5.Id) from T5 onwards no significant differences were 

observed when the group data were analysed (although treatment was close to 

significance at 5cm depth for the T3, 6, 9 group; F = 4.367, p = 0.062) and phosphate 

was only significant in one instance (the T3, 6, 9 group at 9cm with an interaction o f 

treatment x time; F = 5.899, p = 0.015). Silicate was the only nutrient analysed that 

had not been manipulated using the artificial fertiliser. Although significant 

interactions o f  treatment x time were observed for the third replicate group at nearly 

all depths for silicate the concentrations recorded were highly variable over time.

There was an assumption that the effects o f abiotic factors and random placement of 

the plots would be similar between the groups used for data analysis. From the 

results obtained this was not the case as the third group (T3, 6, 9) returned the 

majority o f the significant results (combining treatment alone and interaction of 

treatment x time), although mostly with regards to silicate, thus indicating a group 

effect (see Fig 5.1 d, h, j, 1).

5.3.2. Fauna

A total o f 36 taxa were identified from the experimental core samples. Five o f  these 

were single occurrences o f one individual; Glycera tridactyla Schmarda, Scoloplos 

armiger Müller, Lagis koreni, Turbellaria and Maxillopoda. Arenicola marina was 

also recorded once during the study period; one individual was identified from two 

separate NE plots at T3 but was not recorded again after this. Approximately 83

90% of the total faunal abundance consisted o f the top seven most abundant taxa 

(Table 5.2) with Hydrobia ulvae contributing to >50% of the total abundance in the 

majority o f  cases. Two-way nested ANOSIM (treatment nested within time) 

indicated no significant difference in either faunal community structure between 

treatments or between sampling times. LMM performed on Shannon-Weiner 

diversity indices also returned no significant difference between the treatments over 

time.
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Table 5.2 -  Percentage abundances of the top seven most abundant fauna in the Controls and Nutrient 

Enriched treatments at each sampling time

T axon

Controls 
%age abundance

T3 T6 T9

Nutrient Enriched 
%age abundance

T3 T6 T9
Nematoda 6.78 7.77 7.47 3.87 3.95 2.85
H yd ro b ia  ulvae 52.14 57.93 53.58 46.43 54.65 66.49
P yg o sp io  elegans 20.23 14.90 18.62 16.05 9.75 4.00
S treb lo sp io  sh rubsolii 5.05 - - 5.81 - -
Tubificoides benedii 5.66 8.48 11.07 14.07 17.24 17.88
C erastoderm a edu le - 2.84 - - 3.24 -
M acom a balth ica - - 2.65 - - 2.01
Total 83.09 84.15 85.92 82.37 84.87 90.38

The community structure nMDS ordination (Fig. 5.2), plotted from Bray-Curtis 

similarities calculated from the abundance data, shows a degree o f separation 

between the NE treatments and the Controls (6 o f which lie to the left of any o f the 

NE treatments in the ordination).

Figure 5.2 -  nMDS community structure ordination (2d stress = 0.09) created using Bray-Curtis 

similarity indices calculated from the abundance data. A - Control; O -  Nutrient Enriched (NE).
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The abundance data were not normally distributed, and still remained so after 

performing a variety o f transformations. As a non-parametric analysis equivalent to 

LMM is not currently available, the untransformed data were analysed using LMM 

as described in Chapter 4. The analyses were performed on the seven most abundant 

taxa (Table 5.3) returned significant differences between treatments for three 

(Nematoda, Cerastoderma edule and Hydrobia ulvae), between times for three taxa 

{Pygospio elegans, C. edule and Macoma balthica) and significant interactions of 

time x treatment for four (P. elegans, M. balthica, C. edule and H. ulvae). O f the 

three taxa that showed significant differences between treatments the abundances 

were lower over the course o f the study in the NE treatment compared to the 

Controls (Fig 5.3). For both C. edule and Nematoda there was a decline in 

abundance in the Control samples which probably reflects the normal seasonal 

pattern. For C. edule this resulted in Controls densities similar to the NE treatment 

by the end o f the study. Nematoda remained present in greater abundance in the 

Controls throughout the study. In contrast, H. ulvae increased in abundance in the 

NE treatments and decreased in the Controls until abundances were similar between 

the two treatments at the end o f the study period.

Table 5.3 -  LMM results (significant in bold) for the seven most abundant (mean per m2) taxa found 

in the core samples. Covariance structures -  AD = First order Ante-Dependant; TP = Toeplitz; TPH = 

Heterogeneous Toeplitz. Numerator degrees of freedom Treatment = 2; Time = 3, Treatment xTime = 

6; Denom. DF = Denominator degrees of freedom.

T re a tm e n t T im e T r e a tm e n t  x  T im e

C ovariance D enom . Denom . D enom .

Species structure DF F P DF F P DF F P

N em atoda T P 10.97 6.495 0.027 6.26 1.843 0.235 - - -

P ygospio  elegans T P H 10.85 3.729 0.080 8.72 4.955 0.037 8.72 5 .334 0.031

Streblospio shrubsolii A D 6.02 0.311 0.597 5.29 5.446 0.052 - - -

Tubificoides benedii A D 9.73 0.695 0.424 7.55 1.996 0.201 - - -

C erastoderm a edule A D 6.06 8.81 0.025 6.06 37.114 <0.001 6.06 13.015 0 .006

M acom a balthica A D 6.00 1.835 0.224 6.11 12.103 0.007 6.11 13.794 0 .005

H ydrobia  ulvae T P 15.90 10.014 0.006 15.78 0.945 0.41 15.78 13.794 <0.001
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Figure 5.3 -  Mean abundances per m2 (+ SE) for the seven most abundant taxa identified in each 

treatment.
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Two other taxa (P. elegans and Tubificoides benedii) showed interesting patterns of 

abundance change although neither was significant. The spionid polychaete P. 

elegans consistently exhibited higher abundance in the Control treatment compared 

to the NE and the differences observed were marginally not significant (F = 3.279, p 

= 0.080) and there was also a pattern o f decreasing abundance as observed for other 

fauna in this study. The oligochaete T. benedii was the only taxa with a consistently 

higher abundance in the NE treatment compared to the Controls. There was also an 

increase in numbers over the course of the study in the NE treatment whereas 

abundances in the Controls remained similar throughout.

5.3.3. Traits

Along with the biological traits used in Chapter 4, one extra, Food Type comprising 

six modalities (Table 5.4), was applied to the abundance data. O f the 35 trait 

modalities utilised in the analysis one was not represented by any taxa present (the 

feeding mode ‘grazer’), and the ‘ 15-25cm’ habitat depth modality, represented only 

by the polycheate Arenicola marina, occurred in only one o f the T3 Control plots. 

Nested ANOSIM (treatment within time) indicated a significant difference between 

treatments for the traits assemblage (R = 0.426, p = 0.008) with no significant 

differences between times.

Table 5.4 -  The Food Type modalities used for BTA in this study in addition to those utilised in 
Chapter 4.

Trait No. Modality

1 Phytobenthos

2 Benthic Inverts

Food type
3 Carrion

4 Benthic POM

5 Plankton

6 Pelagic POM

The nMDS ordination o f the traits assemblage showed a grouping o f the Control 

treatments in the middle o f the ordination with the majority o f  the NE samples 

grouping to the left o f the Control group (Fig. 5.4). Within the NE grouping the T9 

samples appear to cluster together towards the top o f the ordination and the T3 

samples appear at the bottom left in a group (although appearing not as similar to 

each other as the T9 samples). Two o f the three T6 samples for the NE treatment are
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seen within the NE grouping and the third is at the top o f the ordination to the right 

o f  centre.

Figure 5.4 -  nMDS functional trait assemblage ordination (2D stress = 0.06) created using 

Bray-Curtis similarity indices calculated from the functional traits data. A- Control; O -  

Nutrient Enriched (NE).

Two-way SIMPER performed on the data showed ten traits contributed (>5%) to the 

difference observed between the treatments (Table 5.5), all o f which were expressed 

less in the NE treatment compared to the Controls. A single trait (the longevity 

modality ‘l-2yrs’) contributed >10% to the differences observed and is expressed by 

4 o f the top 7 most abundant taxa (H. ulvae, P. elegans, Streblospio shrubsolii and T. 

benedii). Although both the spionid polychaetes decreased in abundance in both 

treatments over the study period the abundances o f  both H. ulvae and T. benedii were 

consistently higher than the polychaetes and they also increased in number in the NE 

treatment. H. ulvae is also the only taxa representing the habitat depth modality 

‘surface’ and the bioturbation modality ‘none’.

Cerastoderma edule represented the ‘0-3cm’ habitat depth modality (along with P. 

elegans and S. shrubsolii) which contributed >8% o f the differences observed 

between the treatments. The feeding mode modality ‘deposit feeder’ also 

contributed >8% to the dissimilarity and was represented by four o f  the seven most
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abundant taxa, one o f which (H. ulvae) was also significantly different between 

treatments for abundance.

Table 5.5 - SIMPER analysis showing percentage contribution of biological traits (>5%) to average 

dissimilarity (21.64%) between Control and Nutrient Enriched (NE) core sample data.

Modality Trait
Control

(avg. abundance)

Nutrient 

Enriched 

(avg. abundance)

%age

Contribution

l-2yrs L ongevity 381371.21 252403.03 12.95
0-3 cm Depth 116057.58 41503.03 8.62

Deposit feeder Feeding m ode 344378.79 263724.24 8.29

None B ioturbation 248818.18 172542.42 7.93

Phytobenthos F ood preference 283339.7 203306.97 7.32

Surface D epth 249266.67 188738.64 6.9

10 <> 20mm B ody size 97657.6 41629.2 6.71

Downward-Conveyor B ioturbation 74690.91 25872.73 5.58
Biodiffuser B ioturbation 114324.24 85696.97 5.27

< 5mm B ody size 188597.53 142857.12 5.20

The spionid polychaetes P. elegans and S. shrubsolii are the only taxa in the seven 

most abundant that represent the ‘downward-conveyor’ bioturbation trait modality. 

The decline in this trait can be attributed to the decreased abundances observed for 

these two species, even though LMM showed no significant differences between 

treatments for either (although a significant interaction o f treatment x time was 

observed for P. elegans, F = 5.334, p = 0.031, and the effects o f treatment were 

marginally not significant, F = 3.729, p = 0.080).

Overall, with the exception o f T. benedii, the top seven most abundant taxa were less 

numerous in the NE treatment compared to the Controls and the fauna which feed on 

phytobenthos and inhabit shallower depths were also those that have been 

significantly affected by the nutrient additions. Although there have been no 

significant effects o f  the nutrient additions on ammonium or phosphate, and only a 

subtle effect on the faunal community, there has been an effect on the biological 

traits composition.

5.4 Discussion

The aim o f this study was to observe the effect o f nutrient enrichment and anoxia on 

nutrient regeneration and the faunal assemblage o f an intertidal mudflat. Although
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the oxygen deprivation component o f this investigation had to be abandoned the 

nutrient enrichment element returned interesting results with regards to nutrient 

concentrations and the effects on the faunal assemblage. Even though the nutrient 

data indicated an increase in ammonium towards the end o f the study, particularly 

from the deeper sampling points, there were no significant changes observed in 

ammonium or phosphate concentrations. There are several possible explanations for 

this; 1) the extra nutrient load was absorbed and utilised by the microphytobenthos; 

2) the extra nutrients moved quickly out o f the sediment porewaters and into the 

overlying water column and 3) the fertiliser pellets used in this study failed to release 

any nutrients into the system. The successful use o f artificial fertiliser pellets for 

studies o f this nature is well documented (e.g. see Posey et al. 1999; Worm et al. 

2000 and references therein ; Bucolo et al. 2008; O'Brien et al. 2009) and there was 

an observed reduction in the mass o f the pellets over time in this study, thus the third 

option is considered to be the least likely explanation.

The growth o f microphytobenthos is limited by the availability o f N and P (e.g. see 

Graneli & Sundback 1985; Pringle 1987; Carrick & Lowe 1988; Nilsson et al. 1991) 

and increases in P availability have often elicited a greater response in benthic 

primary production and growth than N increases (Carrick & Lowe 1988). Increases 

in the availability o f both these nutrients in combination is expected to cause greater 

growth o f microalgae and diatoms in the presence o f sufficient light (Rossi & 

Underwood 2002; Eriksson et al. 2006; Stutes et al. 2006) and also provide a better 

quality o f  food for the benthic fauna (e.g. see Cheng et al. 1993; Rossi & Lardicci 

2002; Rossi 2003; Russell & Connell 2007). This greater availability and quality o f 

food is in turn expected to increase the abundance and occurrence o f grazers and 

deposit feeders in the faunal assemblage (Everett 1994; Stutes et al. 2006; O'Brien et 

al. 2009).

The benthic microalgae have access to both the overlying water column and the 

porewater and it is thought that the latter source o f nutrients is o f more importance to 

their growth (Graneli & Sundback 1985). In this study fertiliser pellets were added 

to the sediment thus it would be expected that any increase in nutrient concentrations 

would occur in the porewater, thus making the nutrients readily available to the 

microphytobenthos. The observed lower concentrations o f silicate in the nutrient 

enriched treatments over the first four sampling times could be attributable to an
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increased uptake in silicate by benthic diatoms following nutrient enrichment (e.g. 

see Schelske 1975; Conley et al. 1993; Ittekkot et al. 2000). The increase in silicate 

concentrations thereafter may have been caused by the benthic fauna consuming the 

diatoms and excreting the undigested silicate back into the sediment and interstitial 

water.

As the ammonium and phosphate concentrations did not alter significantly in this 

study a logical explanation is that most o f the extra nutrient was utilised by the 

microphytobenthos for growth (e.g. see Andersen & Kristensen 1988; Rozan et al.

2002). Although no direct measurements o f chlorophyll a or microalgal biomass 

were collected it can be assumed that if there was an increase in food available i.e. an 

increased biomass o f benthic microalgae, then there would be a concurrent increase 

in the abundances o f those fauna which feed upon the algae. There was an observed 

increase in both the oligochaete Tubijicoides benedii and the snail Hydrobia ulvae in 

the nutrient enriched treatments o f this study, both o f which feed on the 

phytobenthos. Previous studies (e.g. see Nilsson et al. 1991; Dizon & Yap 2003) 

have also found increases in oligochaete abundances after nutrient additions lead to 

increased microalgal biomass, suggesting that the assumption that the 

microphytobenthos in this study system utilised the additional nutrients for growth is 

correct.

The effects o f nutrient enrichment on the faunal assemblage in this study were subtle. 

There was an initial decrease in abundances o f the majority o f taxa, the exception 

being T. benedii, and only this oligochaete and the snail H. ulvae were observed to 

increase in abundance over the course o f the study. O f the other taxa that showed 

significant differences between treatments (Nematoda and Cerastoderma edule) both 

remained in low abundance over the course o f the study. Posey et al. (1999) showed 

increased chlorophyll a concentrations in the presence o f elevated nitrogen and 

phosphate suggesting that microphytobenthos growth had increased, however the 

faunal assemblage also showed little reaction to the nutrient additions with only one 

species (the polychaete Laonereis culveri) being more abundant which was attributed 

to the greater microalgal abundance upon which this species feeds (Fauchald & 

Jumars 1979). In contrast Keats et al. (2004) found that nutrient enrichment in a 

seagrass bed in Maine, USA, caused elevated abundances o f oligochaetes and Morris
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and Keough (2003) also found that oligochaete abundances increased in nutrient 

enriched areas at a muddy sand site in Port Phillip Bay, Australia.

The decreases in faunal abundance in the NE treatment that were observed in this 

study may have been caused by the alteration in nutrient concentrations. In 

particular, the higher levels o f ammonium observed in the NE treatments at both 7 

and 9cm from T5 may have reached toxic levels for the cockle Cerastoderma edule 

(e.g. see Perkins & Abbott 1972; Hull 1987) and possibly the other bivalve species 

either causing greater mortality or the fauna to move to a more suitable area o f the 

sediment (Soulsby et al. 1982; Bolam et al. 2000), although migration out o f an 

unsuitable habitat is more likely in this study as ammonium levels did not increase 

greatly. This part o f the Dee Estuary is also an important area for over-wintering 

birds (Mitchell et al. 1988; Jemmett 1998) and the study continued from late summer 

into late autumn, when the birds were arriving from summer breeding grounds. 

Therefore, their food source, benthic invertebrates, would have been consumed in 

greater numbers and this may have been the cause o f the decreasing abundances o f 

fauna over time observed for the majority o f species in both treatments.

Although there was no impact o f nutrient enrichment on the overall faunal 

community there was a significant effect on the functional traits exhibited by the 

fauna which may have had an effect on nutrient concentrations. There was less 

expression o f bioturbatory traits in the NE treatments even though there was an 

increase in the abundances o f oligochaetes which contributed to the biodiffuser 

modality. Less bioturbation should lead to less mixing o f the sediment (e.g. see 

Fisher et al. 1980; Ouellette et al. 2004; Duport et al. 2006; Gilbert et al. 2007), 

lower levels o f oxygenation and shallower redox layers (e.g. see Aller & Aller 1992; 

Aller 1994) as well as less diffusive movement o f solutes (e.g. see Matisoff et al. 

1985; Aller & Aller 1992; Matisoff & Wang 1998). In this case it might be expected 

to observe higher concentrations o f ammonium due to excretory processes o f the 

fauna (e.g. see Christensen et al. 2000) along with greater levels o f  phosphate at 

depth as less oxygen will cause hypoxic/anoxic conditions in which phosphate is 

mobilised (e.g. see Sundby et al. 1986; Sundby et al. 1992; Lehtoranta & Heiskanen

2003). The lack o f any observed increase in either ammonium or phosphate even 

with the decreased expression o f bioturbatory traits further supports the hypothesis
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that the fauna and microphytobenthos were utilising the nutrients that were available 

causing no obvious change in the porewater concentrations.

From the traits analysis it was the relatively short lived (1-2 years), small body size, 

shallow depth habit and surface dwelling fauna that were affected the most by 

nutrient enrichment in this study area. Those deposit feeding fauna with a preference 

for phytobenthos as food also contributed to the differences observed with regards to 

biological traits. The fauna which fit these descriptions are those that were the most 

abundant and that showed significant or interesting patterns o f change in their 

numbers over the course o f this study. Information on the microalgal population e.g. 

biomass, community composition, and even the bacterial communities o f  the study 

area may have aided in understanding the effects o f nutrient enrichment on 

ecosystem functioning in this part o f the Dee Estuary and allowed a greater 

awareness o f the links between nutrient availability and the flora and fauna o f  the 

area along with potential influences on biological traits composition. Although there 

were limited changes in the faunal assemblage, restricted to those fauna with a 

preference for feeding on the phytobenthos, and no effects on nutrient regeneration in 

the sediment after nutrient enrichment there was an alteration in the biological traits 

composition, and thus ecosystem functioning, caused by the additional nutrients 

which may have contributed to the distribution o f silicate to deeper areas o f  the 

sediment.
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6. Do different bioturbators alter in situ rates o f nutrient regeneration?

6.1 Introduction

Marine benthic habitats are a complex amalgamation o f chemical, physical and 

biological processes (Hines & Jones 1985; Nedwell & Trimmer 1996; Pearson 2001) 

and are o f  great import in coastal marine areas as they can supply almost half the 

nutrients required by the phytoplankton for primary production (Lohrer et al. 2004). 

Although several factors can affect the rates o f biogeochemical processes (e.g. 

overlying water flow, nutrient input into the system from anthropogenic sources) one 

that has often been investigated is the bioturbatory activity o f the benthic macrofauna 

(e.g. see Rhoads et al. 1977; Hines et al. 1982; Aller 1994; Pearson 2001; 

Mermillod-Blondin et al. 2004; Waldbusser et al. 2004; Norling et al. 2007) as this 

behaviour can cause compaction o f the sediment thus altering sediment permeability, 

water content, nutrient effluxes, solute transport and chemical gradients (e.g. see 

Aller 1994; Marinelli 1994; Goni-Urriza et al. 1999; Aller 2001; Lohrer et al. 2004; 

Mermillod-Blondin & Rosenberg 2006; Gilbert et al. 2007).

The mucus linings that several polychaetes produce inside burrows provide 

additional habitat for microbial communities increasing chemical exchange 

(Marinelli et al. 2002; Hannides et al. 2005; Mermillod-Blondin & Rosenberg 2006). 

In addition, several tube dwelling fauna actively irrigate their burrows supplying 

oxygenated water to anoxic layers o f the sediment promoting oxidation processes 

(e.g. see Meadows & Reid 1966; Pelegri et al. 1994; Banta et al. 1999; Scaps 2002; 

Mermillod-Blondin et al. 2004; Meysman et al. 2005; Heilskov et al. 2006; 

Volkenbom et al. 2007). These activities can stimulate coupled nitrification- 

denitrification processes (Michaud et al. 2006), promote a faster rate o f nitrogen flux 

into the overlying water column than achieved by molecular diffusion alone (Rhoads 

et al. 1977) and influence phosphate release by altering oxygen levels in the 

sediment (Clavero et al. 1992; Michaud et al. 2006) as well as altering the density 

and activities of microbial populations (Hines et al. 1982; Goni-Urriza et al. 1999).

Early work on the macrofauna o f benthic habitats split the species according to 

functional groups to better understand their impacts on sedimentary biogeochemical 

processes (Fisher et al. 1980; Boudreau 1986; Gardner et al. 1987). Further work 

continued the classification o f various bioturbators and there are now six functional 

groups (or modalities) that bioturbatory species can be assigned to depending on 

their specific behaviour (François et al. 1997; François et al. 2002) (Table 6.1).
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Table 6.1 -  The six bioturbation modalities currently described in the literature.

Bioturbation modality Description

Biodiffuser

Fauna which move sediment in a random 

manner over short distances causing diffusive 

mixing (François e t al. 1997)

Gallery diffuser

Biodiffusion and active, intermittent irrigation 

of tubes in sediment containing gallery systems 

(e.g. those created by H ediste  d iversico lo r)  

(François e t al. 2002)

Regenerator

Fauna which dig in the sediment transferring 

material from depth to the surface (Gardner e t  

al. 1987)

Upward-Conveyor

Head down oriented fauna which cause active 

movement of sediment from depth to the 

surface (François e t al. 1997)

Downward-Conveyor

Head up oriented fauna which cause active 

movement of sediment from the surface to 

depth through their gut (François e t al. 1997)

Bio-irrigator Fauna which actively irrigate burrows by 

drawing surface water down past their gills

The effects o f bioturbation on nutrient dynamics, oxygen flux and recycling of 

organic matter are well known (e.g. see Suchanek & Colin 1986; Aller 1994; 

Marinelli 1994; Marinelli & Boudreau 1996; Mermillod-Blondin et al. 2001; 

Michaud et al. 2005) but often the combined effects o f multiple bioturbating species 

have not been consistent (Mermillod-Blondin et al. 2004; Waldbusser et al. 2004; 

Michaud et al. 2005). The effects o f two species o f biodiffuser (the bivalves 

Macoma balthica and Mya arenaria) and one gallery-diffuser (the polychaete 

Hediste diversicolor) on nutrient flux were studied by Michaud et al. (2006) in single 

species assemblages in laboratory mesocosms. They found that the gallery-diffusers 

affected fluxes o f nutrients more than biodiffusers and increased the release of 

phosphate via bio-irrigation activities which also stimulated nitrifying bacteria in the
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burrow linings (Michaud et al. 2006). Phosphate flux was not affected by either o f  

the biodiffusers but the flux o f nitrate and ammonium was, although in different 

ways by both species. M. balthica caused the release o f nitrate into the overlying 

water, whereas M. arenaria caused nitrate to be taken from the overlying water into 

the sediment and increased ammonium release. Similarly, Mermollid-Blondin and 

Rosenberg (2006) found that biodiffusers, particularly at shallow depths in diffusion 

dominated systems, caused marginal increases in biogeochemical flux rates whereas 

gallery-diffusers had greater impacts.

The effects that the densities o f bioturbators in a system have on nutrient flux and 

porewater chemical concentrations have also been investigated (Mermillod-Blondin 

et al. 2001; Marinelli & Williams 2003; Sandwell et al. 2009). In a mesocosm study 

using M. balthica, Marinelli and Williams (2003) found that higher densities o f the 

bivalve resulted in lower concentrations o f  silicate and ammonium in the sediment 

porewater. They suggested that the lower silicate concentrations were caused by 

activities o f  smaller infauna that had not been removed from the sediment when the 

mesocosms were set up and by surface microphytobenthos uptake (Marinelli & 

Williams 2003). The lower ammonia levels were attributed to increased nitrification 

rates due to greater oxygen availability (Marinelli & Williams 2003) and uptake by 

the microphytobenthos which utilise this nutrient (Lohrer et al. 2004).

Although the studies o f differing functional types and densities o f bioturbators have 

been shown to effect nutrient fluxes the majority o f studies have been carried out in 

laboratory mesocosms which, whilst useful tools in assessing ecological functioning, 

may be interpreted incorrectly due to hidden treatments (Huston 1997). There have 

been few studies o f bioturbation effects on ecosystem functioning in the field (e.g. 

see Lohrer et al. 2004; Thrush et al. 2006; Waldbusser & Marinelli 2006) due to the 

difficulties o f  conducting studies o f  this nature in such dynamic environments where 

replicates can be lost, study sites being difficult to reach and control over faunal 

movements is not possible (Waldbusser et al. 2004).

The studies that have been conducted in laboratory mesocosms have often comprised 

single species assemblages (e.g. see Mermillod-Blondin et al. 2001; Marinelli & 

Williams 2003; Michaud et al. 2005, 2006; Gilbert et al. 2007) o f dominant 

macrofauna from a chosen study area and those that have utilised multi-species 

assemblages have often limited the maximum number o f species to three (e.g. see
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Waldbusser et al. 2004). This has often been because not all species will contribute 

equally to an ecosystem function (Solan et al. 2004; Norling et al. 2007; Sandwell et 

al. 2009) therefore those species most visible and likely to be contributing greatly to 

ecosystem functioning have been chosen (potentially introducing a hidden treatment 

effect, Huston 1997). In these cases any treatment response may be due to a lack of 

competition from other species or better environmental conditions than would be 

encountered in the field making it difficult to apply the results to entire ecosystems 

(Carpenter 1996; Huston 1997).

Macoma balthica feeds on deposits o f organic matter on the sediment surface by 

extending a siphon during tidal inundation, drawing oxygen rich water into the 

sediment (Bradshaw et al. 2006) and causes diffusive mixing (i.e. random 

movement o f sediment particles from anoxic to oxic zones and vice versa), thus 

creating an oxygenated zone that can extend for a few millimetres around the body 

and siphon of the bivalve (e.g. see Reise 1983; Michaud et al. 2006; Norling et al. 

2007) increasing sediment oxygenation (Davey & Partridge 1998; Viitasalo 2007). 

Small pockets o f oxidised sediment are found from 2-6cm depth where the exhalent 

siphon vents (Reise 1983) which creates micro-environments where microbial 

activity is stimulated (Anderson & Meadows 1978) and meiofauna are attracted due 

to an increased food supply (Reise 1983).

The polychaete Hediste diversicolor creates extensive networks o f semi-permanent U 

or Y-shaped burrows which may extend deep into the sediment anoxic layer (Scaps 

2002). It is an omnivorous feeder exhibiting predation, suspension and deposit 

feeding tactics during tidal inundation. Alongside the regular movement in and out 

o f the burrows causing diffusive mixing o f the sediment, H. diversicolor actively 

irrigates its burrows increasing transport of oxygenated water into the anoxic zone; 

this combination o f bioturbation modes is defined as gallery diffusion (François et al. 

2002; Scaps 2002; Mermillod-Blondin & Rosenberg 2006). The gallery-diffusing 

behaviour exhibited by Hediste diversicolor, and other nereid polychaetes, has been 

shown to stimulate microbial activity in and around the burrows the worms inhabit 

(Andersen & Kristensen 1988; Christensen et al. 2000; Michaud et al. 2006), 

increase nutrient flux into the overlying water column and increase sediment 

oxygenation (e.g. see Clavero et al. 1992; Kristensen & Hansen 1999; Michaud et al. 

2005, 2006).

6. Do different bioturbators alter in situ rates of nutrient regeneration?_______________________________________________________________
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The present study uses an in situ experiment on the mudflats o f the Dee Estuary, UK 

to assess the effects o f increased density o f two functionally different bioturbators 

(the biodiffuser Macoma balthica and the gallery-diffuser Hediste diversicolor) on 

porewater nutrient regeneration. The two species used in this study were selected 

based on their high abundance at the study site, large body size and potential 

contribution to the ecosystem function o f interest, i.e. nutrient regeneration, along 

with their ability to withstand stress e.g. temperature or salinity changes. The 

increased density o f both H. diversicolor and M. balthica in the study plots are 

expected to lead lower concentrations o f  ammonium and phosphate in the porewater 

due to the stimulation o f microbial activities and greater oxygenation o f the 

sediment. To avoid artefacts that may be caused by caging (e.g. changes to overlying 

water and porewater flow, sediment accretion and fouling from biological debris) no 

obstructions to faunal movement were utilised in this study. As movement o f the 

fauna out o f the experimental plots was not impeded the study was conducted over a 

short time period with daily porewater sampling and regular checks on the 

abundance o f the manipulated fauna occurring.

6.2 Method
The area o f muddy sand on the Dee Estuary near Tinkers Dell Steps (see Chapter 2) 

is characterised by the amphipod Corophium sp., several spionid polycheate species 

and bivalve species common to estuarine environments (e.g. Scrobicularia plana  da 

Costa). The sediment consisted o f an average 50% sand (63-150pm), 40% silt 

(<63pm) content with little coarse material (~1% > 1000pm) and an average organic 

content o f 1%. The faunal assemblage o f the study area included high abundances o f  

the gallery diffuser Hediste diversicolor (~140 m" ) and the biodiffuser Macoma 

balthica (~343m'2), the abundances o f which are manipulated in this study.

Using experimental plots with an area 0.1m (31x3 lcm) four treatments were 

considered; increased Hediste diversicolor, increased Macoma balthica, increased 

abundance o f both species and un-manipulated control plots. Mean abundances per 

m2 for adults o f similar size for each species were calculated using data collected 

from the baseline study (Chapter 2) giving 343 ± SE 31 m'2 for M. balthica and 140 

± SE 40 m'2 H. diversicolor. Using these mean abundance data the average for both 

species in a 0.1m2 area was calculated as 14 individuals for H. diversicolor and 34 

individuals for the M. balthica. For the single species treatments the ambient
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abundances o f the species were doubled by adding either 14 (H. diversicolor) or 34 

(M  balthica) to the plots, giving estimated total abundances o f 28 or 68 individuals 

respectively. For the combined treatment half the ambient abundance for each 

species were added i.e. 7 H. diversicolor and 17 M  balthica, giving estimated 

abundances o f 21 and 51 individuals respectively. Nine replicate plots for each 

treatment were created requiring a total addition o f 714 M. balthica and 294 H. 

diversicolor.

Tidal restrictions prevented the collection o f sufficient individuals for the study and 

creation o f the experimental plots in a single low tide period. As such, the effects of 

collection and containing both species in an artificial environment overnight were 

assessed. Individuals o f each species were collected prior to commencement o f the 

study and returned to the laboratory where they were kept overnight in aquaria at an 

air temperature o f 15°C to observe any stress response. The animals were returned to 

the shore the next day and monitored for burrowing behaviour. The H. diversicolor 

burrowed rapidly upon return to the sediment, the M. balthica were slower to 

respond but buried rapidly once burrowing had commenced and no mortality of 

individuals was observed for either species.

On 23rd June 2008 collection o f animals for the study took place from the muddy 

sand area o f the Dee Estuary near Tinkers Dell steps (see Chapter 2). Sediment was 

collected and broken apart carefully to retrieve the polychaetes and up to 10 H. 

diversicolor were placed inside containers o f sea-water that had been collected from 

a nearby creek. To retrieve the M. balthica, sediment was sieved through 1.0mm 

mesh sieves in the field and up to 15 individuals were placed inside bags containing 

damp cloths to provide moisture. Both the bags and containers were placed inside 

cool boxes and kept in the dark during transport to the laboratory. Fauna were 

returned to the laboratory within 2 hours o f collection and once there either fourteen 

or seven H. diversicolor were placed into aerated containers o f artificial seawater and 

thirty-four or seventeen M. balthica were placed in bags containing seawater 

dampened cloths. The containers were then stored at 15°C in the dark overnight.

The experimental plots were marked out using 20cm long uniquely marked wooden 

stakes placed at each comer o f a plot, this allowed that loss o f any marker would not 

cause the plot to be abandoned as the correct orientation would be known. On 24th 

June 2008 porewater samples were collected from six o f the nine replicate plots, at
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four depths (5, 7, 9 and 12cm), for each treatment by drawing water into a 20ml 

syringe via a pipette “needle” sampler (Chapter 3). This method was the most 

appropriate for use in this study as pipette samplers have a small diameter. This 

allowed more than one sampler to be deployed within each 0.1m2 plot enabling the 

collection o f porewater at several depths in the sediment (see Table 3.2). Porewater 

samples were immediately placed in the cold and dark and were returned to the 

laboratory within 4h o f collection. Porewater nutrient concentrations were used as an 

indication o f changes in nutrient regeneration at the study site rather than flux into 

the overlying water column as with many laboratory studies. This allowed the 

residual porewater concentration i.e. the amount left after regeneration and uptake by 

the flora and fauna o f the area, to be measured. It was expected that any significant 

differences in porewater nutrient concentrations in the manipulated plots would be 

due to the changes in species abundance and that flux into the overlying water 

column would also have been affected.

Once water samples had been collected individuals o f both species were added to the 

appropriate plots. For each o f the H. diversicolor a hole was created using a spare 

pipette sampler and the head o f the polycheate was placed in or near this hole to aid 

in the burrowing process. For the M. balthica a small indentation in the sediment 

was created and the individual bivalves placed in these. They were then covered 

with a light layer o f sediment from the plot and seawater collected from the nearby 

creek; this was found to stimulate the bivalves to burrow thus minimising exposure.

Sampling continued in each o f the six replicate plots at low tide on a daily basis for a 

total o f nine days, ending on 2nd July 2008. Migration o f the added individuals out of 

the plots was o f concern thus, to monitor abundances o f both species three replicates 

o f each treatment were destructively assessed on the third, sixth and ninth sampling 

days to carry out a census o f the two species of interest. In order to maintain a 

consistent pattern of disturbance in all plots these three replicates were treated by 

placing the pipette samplers and drawing water as with the previous six plots.

On return to the laboratory porewater samples were filtered using 25pm Millipore 

syringe filters and analysed using standard colorimetric methods for ammonium 

(NH4+), combined nitrate/nitrite, silicate (Si02) and phosphate (P 0 43) on a 

Bran+Lubbe AA3 continuous flow Autoanalyser. Samples were stored in the dark at 

4°C and analysed within 24h o f collection following the protocol described in
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Chapter 4 methods. Nutrient data were analysed using linear mixed models (LMM) 

according to the methods described in Chapter 4.

6.3 Results
On 26th June 2008 (the third sampling day) destructive sampling o f three o f the nine 

abundance monitoring plots for each treatment took place. The abundances o f  both 

Hediste diversicolor and Macoma balthica were estimated by either carefully teasing 

apart the sediment to locate the polychaetes or by washing the sediment through a 

1.0mm mesh sieve to count the bivalves. This process was repeated on the 29th June 

and 2nd July 2008 (6th and 9th sampling days).

Abundances o f  M. balthica in the single species treatment were lower than the target 

68 (Table 6.2) but remained elevated compared to the 34 individuals per 0.1m2 that 

was the mean ambient abundance. In the Combined species treatment M. balthica 

was observed at ambient abundances (34 individuals per 0.1m2) throughout the study 

rather than at the elevated abundances (51 individuals per 0.1m2) that was the target. 

H. diversicolor abundances in the single species treatment were also lower than the 

target 28 individuals per 0.1m“, but again remained elevated compared to the mean 

ambient abundance (Table 6.2). In the Combined species treatment H. diversicolor 

remained at elevated abundances compared to the calculated ambient value (14 per 

0.1m2); although numbers were lower than the target o f 21 individuals per 0.1m2. 

Some migration o f individuals had therefore occurred, particularly the M. balthica 

from the Combined treatment, but overall abundances had remained elevated thus 

any alterations in nutrient concentrations can be attributed to altered population 

densities.

Table 6.2 -  Estimated mean abundances (± SE) for H. d ivers ico lo r  and M. balth ica  in single and 

combined species treatments on each day that abundance monitoring plots were destructively 

sampled. *only one estim ate o f  M. balth ica  abundance w as recorded  on D ay  6 as w eather cond itions rendered  fie ld  records 

illegible

TreatmentSampling
day H. d iversico lo r M. balth ica

Combined 
H. d iversico lo r

species 
M. balth ica

Day 3 25 ± 1 58 ± 1 20 ±3 34 ±8

Day 6 22 ±4 60* 16 ± 2 26 ±3

Day 9 19 ± 3 61 ± 1 19 ± 2 36 ±3

Total 22 ± 2 60 ± 1 18 ± 1 33 ±3
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Initial nutrient levels in the porewater ranged from 2.23 ± 0.76 to 4.87 ± 1.57 mg L '1 

for ammonium, 2.91 ± 0.30 to 25.79 ± 1.89 mg L '1 for silicate and 0.02 ± 0.02 to 

0.72 ± 0.20 mg L '1 for phosphate. Nitrate/nitrite levels were below the detection 

limit o f the Autoanalyser at all depths throughout the study and have not been 

considered further. Overall the Hediste and Combined treatments had the least effect 

on nutrient concentrations, and the Macoma treatment affected ammonium and 

silicate concentrations more than phosphate.

Analysis o f the nutrient data showed a significant difference between treatments at 

all depths for silicate, and at 5cm for both phosphate and ammonium (Table 6.3). 

Time was also a significant factor for silicate and ammonium at three depths (7, 9, 

12cm and 5, 7, 9cm respectively) and for phosphate at two depths (5 and 9cm). 

There was an interaction o f treatment with time for silicate at all depths, phosphate at 

5 and 7cm and ammonium at 9cm.

Table 6.3 -  LMM results for all nutrients at all four depths. Significant results in bold; numerator 

degrees of freedom for all nutrients analysed are Treatment = 3; Time = 8; Treatment x Time = 24..

Treatm ent T im e Treatm ent x  T im e

N utrient D epth D enom .
DF F P

D enom .
D F F P

D enom .
DF F P

| 5 6 2 .40 3 .233 0.028 44.21 3 .42 0.004 4 4 .2 9 1.097 0 .385

■ao 7 7 5 .86 1 .016 0 .3 9 0 4 3 .6 3 .277 0.005 4 3 .8 8 1.007 0 .4 7 8

1 9 4 9 .45 1.562 0 .2 1 0 4 4 .2 2 3 .22 0.006 4 3 .9 7 2 .0 9 3 0.017
<

12 54 .37 1 .919 0 .1 3 7 4 8 .0 5 1 .739 0 .1 1 4 4 8 .05 0 .8 1 4 0 .703

5 7 2 .06 3 .973 0.011 133.11 1.976 0 .0 5 4 130.86 1.845 0.016

edo 7 53.63 7 .007 <  0.001 130.08 1.715 0.101 130 .37 2 .7 5 8 <  0.001
</5 9 2 5 .08 3 .537 0.029 5 7 .96 9 .644 <  0.001 53.91 3 .4 1 9 <  0.001

12 68.51 4 .9 3 6 0.004 131.93 2 .898 0.005 131.93 2 .4 5 8 0.001
o 5 35 .33 3.361 0.024 38.11 3 .678 0.003 3 8 .02 2 .3 9 7 0.008

I 7 60 .13 0 .323 0 .8 0 8 51 .35 1.600 0 .4 4 8 5 1 .88 2.181 0.010
o-C 9 4 7 .88 0 .1 6 4 0 .9 2 0 4 7 .1 7 3 .045 0.008 4 7 .3 9 1.431 0 .145

12 24 .15 0 .523 0.671 52 .83 1.358 0 .2 3 7 52 .83 1.471 0 .121
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Pairwise comparisons, using Bonferroni corrections, o f the data indicated that for 

phosphate the Macoma (M) treatments were significantly different to both the 

Control (C) and the Hediste (H) treatments at 5cm depth. For silicate, Macoma 

treatments were different to Controls at all depths, the Hediste treatments at 7 and 12 

cm and the Combined treatment, CB, (increased M. balthica and H. diversicolor) at 5 

and 7cm depth. Silicate levels in Macoma treatments were lower over the course of 

the study compared to the Controls at all depths (Fig.6.1). Silicate concentrations are 

also lower when comparing both Combined and Hediste treatments with the Macoma 

treatment (Fig 6.2a-d). Neither the Combined nor the Hedsite treatments were 

significantly different to the Controls.
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Figure 6.2 -  Silicate levels (mg L'1) over time for: a) the Combined (CB - • )  and M acom a  (M - A) 

comparison at 7cm; b) the H ediste  (H-T) and M acom a  (M -A) comparison at 7cm and c) the 

H ed is te  (H -T ) and M acom a  (M -A) comparison at 12cm.
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The Combined treatment suffered reduced Macoma balthica abundances back to the 

ambient levels recorded for the area, meaning that these plots were in effect a 

Hediste treatment but with an increase o f half the ambient abundance rather than 

double as with the actual Hediste treatment. It is then unsurprising then that there 

were no significant effects on nutrient regeneration between the Combined and the 

Control treatments just as there was no significant difference between the Hediste 

treatment and the Controls for any nutrient.

Figure 6.3 -  Ammonium levels (mg L"1) at 5cm depth for the Combined (CB - • )  and H ediste  (H -▼) 
treatment comparison.

At 5cm depth the ammonium concentrations were significantly different between 

Hediste and Combined treatments with lower levels in the Hediste treatment 

compared to the Combined and also appearing highly variable over time. In the 

Combined treatment the levels rose from 25th to 28th June before dropping on 29th 

June and then rising again, although not reaching the high observed on 28 th June 

(Fig. 6.3). Phosphate at 5cm was also significantly different between the Macoma 

treatment and both the Control and Hediste treatments (Fig. 6.4a-b). Compared to 

the Controls, phosphate levels in the Macoma treatments were generally higher, 

although both exhibited the same pattern o f increasing concentrations from 25 th June
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Figure 6.4a -  Phosphate levels (mg L'1) at 5cm depth for Control (C - O) and M acom a  (M -A) 

treatment comparison.

Figure 6.4b -  Phosphate levels (mg L-l) at 5cm depth for M acom a  (M -A) and H ediste  (H -T ) 

treatment comparison.
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to 21121th June and then a drop before increasing slightly again. For the Macoma and 

Hediste comparison at 5cm the phosphate levels are mostly higher in the Macoma 

treatment than in the Hediste treatment and there also appears to be a greater increase 

in phosphate at this depth over the first five sampling times in the Macoma treatment 

compared to the Hediste treatment.

6.4 Discussion

This study has shown no effect o f increased Hediste diversicolor abundances on any 

o f the nutrients analysed and limited effects o f  increased Macoma balthica densities. 

This is in agreement with some o f the some o f the predictions for Macoma balthica 

but, for H. diversicolor, is in direct contrast to the theoretical expectations. Gallery- 

diffusers such as Hediste are generally predicted to increase sediment oxygenation 

and microbial activity, thus lowering phosphate and ammonium concentrations in the 

porewater (e.g. see Hines et al. 1982; Andersen & Kristensen 1988; Clavero et al. 

1992; Christensen et al. 2000). Biodiffusers including Macoma balthica are 

expected to have similar effects to gallery-diffusers but o f a lower magnitude due to 

their less extensive bioturbatory activity (e.g. see Michaud et al. 2005; Mermillod- 

Blondin & Rosenberg 2006; Michaud et al. 2006). The findings o f this study and the 

laboratory mesocosms therefore raise questions about the basis o f these expectations.

Differences in feeding trait between species o f the same bioturbation trait i.e. gallery- 

diffusers, have been shown to affect ammonia flux (e.g. see Christensen et al. 2000; 

Thrush et al. 2006) and could potentially alter porewater ammonium concentrations. 

M. balthica can also switch to suspension feeding from deposit feeding when present 

in high densities (Marinelli & Williams 2003) and it is possible that the increased 

densities o f the bivalves in this study caused them to switch feeding methods from 

deposit to suspension feeding thus contributing to lower ammonium concentrations 

in the porewater.

The lack o f response with increased H. diversicolor abundances could have been 

caused by a change in the behaviour o f  the worm at greater densities. As densities o f 

H. diversicolor increase individual worms irrigate their burrows for longer periods o f 

time (Duport et al. 2006) thus increasing the oxygenation o f the sediment (Clavero et 

al. 1992; Michaud et al. 2005). Thus, as greater oxygenation stimulates microbial 

processes and increases nitrification rates, greater ventilation o f burrows will cause
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less ammonia to be present in porewater (e.g. see Hines et al. 1982; Andersen & 

Kristensen 1988; Christensen et al. 2000; Michaud et al. 2006). However, Duport et 

al. (2006) found that increases in H. diversicolor density decreased the sediment re

working activities o f the individual worms causing less mixing o f the sediment, 

which in this study may have lead to no enhancement o f microbial activity and thus 

no alteration in nutrient regeneration. It is possible that a reduction in the abundance 

o f H. diversicolor would have caused a response in nutrient regeneration as fewer 

individuals may not have induced behavioural changes, and fewer individuals may 

also reduce sediment mixing, bio-irrigation and microbial activity.

Another change in nereid behaviour, which has been observed with increasing 

density, that could affect the worms’ impact on nutrient regeneration (e.g. see Miron 

1991; Miron et al. 1992; Christensen et al. 2000) is the defence o f territory within the 

sediment (Scaps 2002). A greater amount o f time spent defending territory, rather 

than on burrow ventilation and maintenance, would result in less mixing o f the 

sediment (Miron et al. 1992) further supporting the theory that the increased 

densities o f H. diversicolor in this study reduced sediment transport which resulted in 

no alterations in nutrient regeneration being observed. This is contrary to the 

expectations made prior to the start o f the study that both ammonium and phosphate 

concentrations in the porewater would decrease (e.g. see Kristensen & Hansen 1999; 

Christensen et al. 2000; Michaud et al. 2006).

Higher concentrations o f phosphate are expected below the redox layer than above as 

this is a highly redox sensitive nutrient which binds readily to ferric iron and clay 

particles in oxic conditions; under anoxic conditions Fe(III) is reduced to Fe(II) 

which releases any bound P (e.g. see Sundby et al. 1986; Lehtoranta & Heiskanen 

2003; Lohrer et al. 2004; Karlson et al. 2007). There were no effects o f increased H. 

diversicolor abundance on phosphate concentrations, which was expected as there 

had been changes to phosphate flux observed in previous studies (e.g. see Clavero et 

al. 1992; Mortimer et al. 1999). This observation may also have been caused by 

alterations in behaviour reducing bio-irrigation behaviour and thus oxygen transport 

and microbial stimulation.

The increased densities o f M. balthica in this study did increase phosphate 

concentrations, although only at 5cm depth. This could be due to an increase in 

biodiffusion caused by the higher abundances o f the bivalve bringing anoxic waters
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containing phosphate from depth up to the shallower oxic layers (e.g. see Aller 1994; 

Goni-Urriza et al. 1999) thus temporarily increasing phosphate concentrations before 

the nutrient was used by microbes, phytobenthos or transported across the sediment- 

water interface ((e.g. see Rozan et al. 2002; Karlson et al. 2007). The observed 

increase could also be related to the significant decrease in silicate concentrations 

observed in the M. balthica treatments. At high concentrations silicate can cause 

desorption o f phosphate from iron or aluminium, to which silicate then binds 

(Tuominen et al. 1998) freeing phosphate into the porewater. Therefore, at 5cm, in 

the region where the exhalent siphon would be venting pseudo-faeces, faecal matter 

and water from depth (Reise 1983; Davey & Partridge 1998; Viitasalo 2007; 

Viitasalo-Frôsén et al. 2009), an increase in silicate concentrations which binds 

preferentially to Fe in the sediment would increase phosphate concentrations at this 

depth.

Overall the effects o f increased density o f  these two functionally different species on 

nutrient regeneration were different under field conditions compared to results 

obtained in mono-species cultures in laboratory mesocosms. Although it has been 

shown that species with the same traits do affect ecosystem functioning differently 

(e.g. see François et al. 1999; Christensen et al. 2000; Michaud et al. 2006) the 

laboratory and mono-specific nature o f the majority o f  studies may have over

estimated the effects that individual species have on nutrient flux.

Various in situ biotic and abiotic factors influence the behaviour o f benthic fauna and 

thus alter the effects on ecosystem functioning (e.g. see Widdows & Brinsley 2002; 

Eriksson et al. 2006). Increased species diversity has been shown to increase 

productivity o f ecosystems (e.g. see Naeem et al. 1994, 1995; Tilman et al. 1996; 

Tilman et al. 1997; Hooper et al. 2005) through complementarity, the greater use o f 

available resources (e.g. see Loreau & Hector 2001) or through interspecific 

facilitation (e.g. see Cardinale et al. 2002; Boyero et al. 2007). The presence of 

other species with the same functional traits within a species assemblage can affect 

the rate o f decomposition o f detritus (e.g. see Lecerf et al. 2006; Boyero et al. 2007) 

or influence the behaviour o f species if two or more predators are present that feed 

on the same species (Duffy et al. 2007; Douglass et al. 2008). Studies o f  freshwater 

suspension-feeders have shown that a greater diversity o f species increase water
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current velocities by altering the near-bed hydrodynamics, which subsequently 

increases particle capture rate by the suspension-feeders (Cardinale et al. 2002).

Spatial heterogeneity is also an important factor influencing species behaviour and 

ecosystem functioning, particularly in intertidal systems (e.g. see Dyson et al. 2007; 

Bulling et al. 2008) and mesocosm studies have rarely included this factor (Bulling 

et al. 2008). The effects o f  spatial heterogeneity on faunal movement and nutrient 

flux were examined in laboratory mesocosms by both Dyson et al. (2007) and 

Bulling et al. (2008) using similar methods. Mesocosms were split into two halves, 

termed patches, and dried algae were added to one o f the patches. There were also 

mesocosms in which both patches had algae added to them or neither had algae 

added (Dyson et al. 2007; Bulling et al. 2008). One of four benthic invertebrate 

species (Hediste diversicolor, Hydrobia ulvae, Corophium volutator and Macoma 

balthica) was then added to each o f the mesocosms. The movement o f  the 

invertebrates between the patches was monitored, as was the growth of 

microphytobenthos (Dyson et al. 2007) and, at the end o f the study, surface water 

was collected to analyse for NH4-N and P O 4 -P  (Bulling et al. 2008). They found that 

heterogeneous mesocosms induced movement o f invertebrates towards the dried 

algae patch and also increased the nutrient flux (Bulling et al. 2008). The effects on 

microphytobenthos growth was variable between species with H. diversicolor 

increasing growth and C. volutator decreasing growth, whilst M. balthica and H. 

ulvae appeared to have little effect (Dyson et al. 2007).

M. balthica vents its exhalent siphon below the sediment surface, usually between 2 

and 6cm depth (Reise 1983; Davey & Partridge 1998). This creates localised 

oxygenated patches which stimulate microbial activity, thus increasing nutrient 

availability and local heterogeneity (Davey & Partridge 1998). This increased 

heterogeneity would have attracted other deposit feeding and grazing species from 

the surrounding area, e.g. at this site there are high abundances o f tubificid 

oligochaetes and the gastropod Hydrobia ulvae (see Chapter 2), which would then 

increase resource use and affect nutrient regeneration within the sediment (e.g. see 

Reise 1981, 1983; Davey & Partridge 1998). The oligochaetes in particular are 

opportunistic (Giere & Pfannkuche 1982), and the species in the study area 

(Tubificoides benedii, T. pseudogaster agg., Heterochaeta costata and 

Enchytraeidae) are active bioturbators inhabiting the sediment at 3-8cm depth where
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they cause biodiffusive mixing ((Fisher et al. 1980; Matisoff et al. 1985; Mermillod- 

Blondin et al. 2001). The combination o f the behaviours o f  the oligochaetes and M. 

balthica may have been the cause o f complementarity or facilitation effects that led 

to higher phosphate concentrations at 5cm depth and may be the reason that M. 

balthica has not previously been seen to affect phosphate flux in mono-specific 

mesocosms. However, mesocosms do allow for controlled experiments that can lead 

to an understanding o f processes and allow testing o f theories that can then be 

transferred to the field (Benton et al. 2007; Dyson et al. 2007).

This study has shown that Hediste diversicolor has little to no effect on porewater 

nutrient concentrations at high densities and that Macoma balthica caused different 

effects on nutrient regeneration in the field compared to those seen in laboratory 

mesocosms. H. diversicolor may not be as influential as predicted from behavioural 

and laboratory mesocosm studies (e.g. see Clavero et al. 1992; François et al. 2002; 

Mermillod-Blondin et al. 2004; Dyson et al. 2007) whereas M. balthica may be more 

significant in its effects on nutrient regeneration. They are not the only species which 

may affect nutrient regeneration (e.g. see Pelegri et al. 1994; Mermillod-Blondin et 

al. 2001; Mermillod-Blondin et al. 2004; Lewandowski & Hupfer 2005; Karlson 

2007; Volkenbom et al. 2007) and further work must attempt to include whole 

species assemblages using field studies to fully understand the impacts that 

alterations to individual species may have on ecosystem functioning.
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7. Discussion

7.1 Introduction
This thesis set out to examine the question o f whether species matter with respect to 

ecosystem functioning in a marine benthic environment, in this case intertidal 

mudflats. Evidence from the marine environment supports the statement that yes, 

species do matter (e.g see Mermillod-Blondin et al. 2001; Michaud et al. 2006; 

Gamfeldt et al. 2008; Halpern & Floeter 2008). The individual life habits o f a 

species will affect ecosystem functioning in different ways and no single functional 

trait can be used to describe a species’ impact on ecosystem functioning. Also, 

species o f  the same functional group cannot be considered as functionally equivalent 

(e.g. see François et al. 1999; Heemsbergen et al. 2004; Michaud et al. 2006). 

Species effects on ecosystem functioning also cannot be realistically assessed if the 

species are studied in isolation or in reduced assemblages composed o f only the 

commonest taxa from any given ecosystem. Interactions between species are 

important in determining their effects on ecosystem functioning and are likely to 

alter in the presence/absence o f other species or with the influence o f environmental 

factors (e.g. see Chapter 6; Fonseca & Ganade 2001; Dyson et al. 2007; Bulling et al. 

2008).

Interspecific and intrafunctional differences

Species classified as representing the same functional trait have often been assumed 

to affect ecosystem processes in the same way and at the same rate when this may 

not necessarily be true (e.g. see François et al. 1999; Mermillod-Blondin et al. 2001; 

Mermillod-Blondin et al. 2004; Michaud et al. 2006). In laboratory mesocosms the 

effects o f two biodiffuser bivalve species, Ruditapes decussates L. and Venerupsis 

aurea Gmelin, on sediment re-working was examined by tracing luminophore 

transport through the sediment (François et al. 1999). After 7 days it was found that 

R. decussatus had buried 35% o f the added tracer to between 0.5 and 5cm depth 

whereas V. aurea had only transported 19% of the tracer to similar depths. Also, R. 

decussatus had a biodiffusion coefficient (rate o f diffusive mixing) more than twice 

that o f V. aurea (14 10'3 cm2 d '1, 6.25 10'3 cm2 d '1 respectively) meaning that R. 

decussatus more rapidly buried organic matter from the sediment surface thus having 

a greater effect on early diagenesis than V. aurea (François et al. 1999).

In their study on the effects o f functionally different bioturbators on nutrient flux, 

Michaud et al. (2006) found that two species o f bivalve, classed as biodiffusers,

149



7. Discussion

affected the nitrogen cycle in different ways. They found Macoma balthica 

increased the release o f nitrate into the overlying water column whereas Mya 

arenaria L. increased ammonia release into the water column whilst also increasing 

nitrate uptake into the sediment (Michaud et al. 2006). The differences were 

attributed to distinct behavioural characteristics o f the two species (Michaud et al. 

2006). Thus different species within the same functional groups (in this case 

biodiffiisers) can affect the same ecosystem processes but in different ways because 

o f distinct behavioural attributes/traits (François et al. 1999; Mermillod-Blondin et 

al. 2001; Heemsbergen et al. 2004; Michaud et al. 2006).

Species interactions

Although different species may affect the same ecosystem function in different ways 

(e.g. see François et al. 1999; Mermillod-Blondin et al. 2001; Mermillod-Blondin et 

al. 2004) the combined effects o f these species, when considered from a whole 

ecosystem perspective, may not be a simple additive effect due to interspecific 

facilitation or inhibition (Naeem et al. 2000; Heemsbergen et al. 2004). When the 

effects o f two intertidal benthic invertebrates on nutrient regeneration in the sediment 

was examined in the field (Chapter 6) the results obtained were contrary to those see 

in mono-species mesocosm studies (e.g. see Clavero et al. 1992; Michaud et al. 

2006). The nereid polychaete Hediste diversicolor had less o f an influence on 

nutrient regeneration than expected from knowledge o f its behaviour and influence 

on ecosystem functions in laboratory mesocosms (e.g. see Clavero et al. 1992; 

Mermillod-Blondin et al. 2004; Dyson et al. 2007), and the bivalve Macoma balthica 

had a greater influence than expected (see Chapter 6). The results observed were 

attributed to potential behavioural changes o f  H. diversicolor when in proximity to 

conspecifics (e.g. see Duport et al. 2006; Dyson et al. 2007) and to the habitat 

alterations that M. balthica can cause below the sediment which attract meiofauna 

(e.g. see Reise 1983; Davey & Partridge 1998).

Similarly, in a study o f the effects o f varying microbial species number on 

decomposition processes in soil ecosystems, Heemsbergen et al. (2004) found that 

functionally similar species compositions had less o f an influence on soil processes 

than functionally dissimilar assemblages. Additionally, in a study o f producer

decomposer co-dependency, Naeem et al. (2000) found that there was an increased 

availability o f organic carbon sources for bacterial decomposers with higher diversity
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o f unicellular algal producers. Both o f these studies concluded that interspecific 

facilitation and greater functional dissimilarity were the cause o f the observed 

differences in ecosystem functioning (Naeem et al. 2000; Heemsbergen et al. 2004).

Habitat influences on species diversity and ecosystem functioning 

Habitats will, by their nature, filter out species which are unsuited to, or unable to 

adapt to, the characteristics o f that environment (Southwood 1977, 1988) and the 

heterogeneity o f a habitat can influence the overall species diversity, distributions 

and abundances (e.g. see Woodin 1974; Findlay 1981; Dyson et al. 2007; Bulling et 

al. 2008). Although the influence o f habitat heterogeneity on species diversity is 

well known it has often been the case in biodiversity-ecosystem functioning research 

to assume homogeneity o f a habitat when studying the effects o f species on 

ecosystem functioning (e.g. see Balvanera et al. 2006; Dyson et al. 2007). However, 

spatial heterogeneity o f  habitats can influence migration o f invertebrate species in 

marine soft sediments (e.g. see Findlay 1981 and references therein; Bulling et al. 

2008) and/or the behaviour o f species (e.g. see Lin & Hines 1994; Dyson et al. 

2007). Since changes in behaviour can alter species effects on ecosystem 

functioning (see Chapter 6) alterations to a habitat, in particular its heterogeneity, can 

also affect the influence that species may have on ecosystem functioning.

Altering the surface features o f an intertidal habitat, using two different methods 

(Chapter 3), showed that little modification o f the surface structure was required to 

induce a change in the species assemblage (Jones & Frid 2009). Several 

opportunistic taxa that inhabit shallow depths increased in abundance or appeared in 

the faunal assemblage o f altered habitat patches compared to unaltered patches. The 

occurrence o f surface dwelling sedentary species also increased, in particular Mytilus 

edulis, in altered patches and several common species from the unaltered sediment 

significantly reduced in abundance or disappeared altogether from the altered 

patches. The functional traits represented by the fauna in the altered patches was 

significantly different to that observed in unaltered areas o f sediment and an 

observed change in porewater nutrient concentrations, particularly at 5cm depth, was 

attributed to the shift in the faunal assemblage altering ecosystem functioning (Jones 

& Frid 2009).

Using dried algae in a mesocosm study, Bulling et al. (2008) created subtle habitat 

heterogeneity within single mesocosm units. They split each mesocosm into two
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halves (termed patches) and added the dried algae to one half o f the sediment within 

the mesocosm. They then added one o f four invertebrate species to the mesocosms 

(Hediste diversicolor, Hydrobia ulvae, Corophium volutator and Macoma balthica) 

and observed patterns o f movement between the sediment patches whilst also 

collecting surface water from the mesocosm at the conclusion o f the study to test for 

N H 4 - N  and P O 4 -P  concentrations. They found that H. diversicolor and H. ulvae 

moved towards the patches o f  dried algae, C. volutator moved away and M. balthica 

did not move (Bulling et al. 2008). They also found that habitat composition was a 

key driver in the concentrations o f the two nutrients analysed for, but that the effect 

o f habitat was modified by the identity o f species present in the mesocosms. One 

particular observation o f interest was that H. ulvae in homogenous mesocosms had 

little impact on nutrient flux into the overlying water column, but that in the 

heterogeneous mesocosms there was increased flux o f N H 4 - N  (mg L '1) and a 

decreased flux o f P O 4 -P  (mg L '1). This dissimilarity was attributed to H. ulvae 

behaving differently in the heterogeneous sediment patches compared to the 

homogenous ones (Bulling et al. 2008).

Movement of Hydrobia ulvae into nutrient enriched patches o f sediment has also 

been observed in the field (Chapter 5) although there were no affects on either 

ammonia or phosphate concentrations in the porewater at shallow sediment depths (3 

or 5cm). As the study conducted by Bulling et al. (2008) was carried out in mono

species mesocosms it could be that potential interactions with other species under 

field conditions were missing from the mesocosm study thus allowing H. ulvae to 

behave in such a way that it was able to affect nutrient flux. In Chapter 4 there were 

also increased abundances o f  H. ulvae in the patches o f sediment that had been 

altered to be more heterogeneous which was attributed to a greater availability of 

food and refiigia. However, the concurrent change in nutrient concentrations were 

not attributed to this species (Jones & Frid 2009). Upon examination using 

biological traits analysis it was found that there was an alteration to the functional 

traits represented by the infaunal assemblage and that this alteration was related to a 

decline in spionid polychaete abundances and an increase in oligochaete abundance. 

These taxa have yet to be assessed for effects on ecosystem functioning in laboratory 

mesocosms but the results o f  the field manipulations in this thesis would suggest that 

they play an important role in nutrient regeneration in this intertidal mudflat.
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7.2 Do species matter?
The importance o f species to ecosystem functioning may not always be obvious. 

There have been instances where the removal o f  a species from an ecosystem has had 

severe effects on the diversity o f the remaining species and on the functioning o f that 

system (e.g. see Hixon & Brostoff 1983; Posey 1986; Brown & Heske 1990; Lyons 

et al. 2005). In these cases stating that the species removed was important to the 

maintenance and functioning of that ecosystem is logical, but in systems where the 

effects o f local extinctions o f  species are less obvious it is more difficult to state that 

any one species is important.

The interest in the delivery o f ecosystem services has lead to the use o f biological 

traits analysis (BTA) to further the understanding of species alterations on ecosystem 

functioning (e.g. see Townsend & Hildrew 1994; Charvet et al. 1998; Usseglio- 

Polatera et al. 1999; Petchey & Gaston 2002; Haybach et al. 2004; Bremner et al. 

2006; Petchey & Gaston 2007). This method has proven useful in understanding 

distribution patterns o f functional groups and the alterations to functional 

assemblages that can occur after disturbance (e.g. see Bremner et al. 2003; Bremner 

et al. 2006; Tillin et al. 2006; De Juan et al. 2007). However, BTA is sensitive to the 

number o f functional traits per species that are used in the analysis (Bremner et al. 

2006). By using a subset o f traits from a pool o f nine, Bremner et al. (2006) found 

that different relationships between benthic invertebrate assemblages from the 

southern North Sea and eastern English Channel were produced depending on the 

number o f functional traits used in the analysis. They concluded that using as many 

traits as possible in an analysis would provide more information on ecological 

functioning (Bremner et al. 2006).

However, increasing the number o f functional traits considered will increase the 

uniqueness o f individual species, thus decreasing functional redundancy and 

increasing the importance o f individual species within an ecosystem (e.g. see 

Fonseca & Ganade 2001).

Evidence from the literature suggests that the more biological traits that are used in 

studies o f ecosystem functioning the better the understanding of functional 

differences between ecosystems, and the impacts that disturbance can have upon 

them, will be (e.g. see Blackburn et al. 2005; Bremner et al. 2006; Ernst et al. 2006; 

De Juan et al. 2007). This will provide a better understanding on the impacts o f
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human activities and how best to protect and/or restore disturbed environments (e.g. 

see Bremner 2008). For this to happen more information on the biological traits o f 

species is needed, particularly for the less well known, small, rare and less appealing 

taxa that may have important roles in ecosystem functioning.

The studies carried out for this thesis have shown weaker than expected effects o f 

changes in the faunal community on ecosystem functioning (see Chapters 4 and 6 ). 

Previous work on biodiversity and ecosystem functioning has often been conducted 

in well controlled, laboratory situations rather than in the field (e.g. see Clavero et al. 

1992; Michaud et al. 2006; Marinelli and Williams 2003; Bulling et al. 2008). Due 

to this control the variability o f environmental conditions is removed as a factor 

affecting the behaviour o f the faunal community and ecosystem functioning. The 

strong effects o f intertidal species on ecosystem functioning observed in mesocosm 

studies may therefore not truly reflect real ecosystems. As seen in Chapter 6 , when 

the abundances o f two large intertidal bioturbators were increased the impacts on 

porewater nutrient concentrations were weaker than expected from information 

provided in the literature (e.g. see Andersen & Kristensen 1988; Clavero et al. 1992; 

Christensen et al. 2000; Mermillod-Blondin & Rosenberg 2006; Michaud et al. 

2006). As this is the case the conclusions drawn from mesocosm studies thus far 

concerning the impact o f species loss or environmental degradation on ecosystem 

functioning in real ecosystems should be regarded cautiously until evidence from the 

field corroborates or dismisses them.

There is also a need to study multi-species assemblages across a range o f functional 

groups to observe the impacts on ecosystem functioning that species have when in 

combination with taxa from the same ecosystem. Omitting species from an 

ecosystem functioning study runs the risk o f not including some functional groups 

which may then lead to an inaccurate picture o f the functioning of that ecosystem 

(e.g. see Ernst et al. 2006). Where possible, mesocosm and modelling scenarios 

should be transferred to the field in order to assess the responses in a real world 

situation and whether the predictions from the ex situ studies hold true.

It may be that any given species is not in itself important to a particular ecosystem 

function, but its presence in an assemblage is required for a specific behavioural 

response from another species which does effect ecosystem functioning. Interactions 

between and within species can alter the way in which species affect ecosystem
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functioning as seen in Chapter 6  o f this thesis. Therefore, yes, species are important, 

but possibly not in the most obvious o f ways, and it would be remiss o f the scientific 

community to ignore those species which are considered less interesting, or 

functionally equivalent to better known species, as each one could potentially have 

profound effects on ecosystem functioning.
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